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Fig. 1. Simulated serum concentrations in mice after IV administration (0 to 24 hours).

Values derived from Table 1.

Dots indicate the observed values with IV administration.

AUCs increased with decreasing numbers of carbon,
with C8 having the largest AUC. The adjusted AUC
ratios of gavage to IV administration were close to 1
for C7 to C13 and less than 1 for C14 (Table 1).
Mass balance studies indicated lower total recover-
ies for C6, C7 and C13 to Cl14 with gavage admin-
istration than those with IV administration (Table S5
and Table S6). The exact reason for those lower

recoveries is not well-known. The administrated
PFCAs may be distributed in some part other than the
collected samples (e.g., stomach and gut wall). The
overall distribution profiles of gavage administration
are close to those of IV administration: most of the
C8 to Cl4 were recovered in the liver and serum,
while C6 and C7 were recovered in the urine. Only
small volumes of PFCAs were excreted in feces,
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Table 1. Elimination of PFCAs determined by the two-compartment model in mice after IV or gavage administration
C(1)=C, *exp(-1 *t) + C,*exp(-4,*t)
a. Intravenous injection with a target dose of 0.313 zmol/kg
PFHpA PFOA PENA PFDA PFUnDA  PFDoDA  PFTDA  PFTeDA
n (C8) (C9) (C10) (C11) (C12) (C13) (C14)
Male
) pmol I 0.8+03  02+0.1 02+0.1 04+02 -~ 03201 02+01 02201 03x0.1
) ht 159050 0.03£002 0.18=0.11 1202037 082025 075+033 062+032 038+022
c, pmol I 38%09  16%04 1304 10£02 ~ 07%02 04%01 04201  04x0.1
B et 020401 000014 0000046  0.00013% 000002+ 0.00035x 000058 00043
2 0.0001 0.00004 0.0001 0.00004  0.0002 0.0003 0.002
AUC of 24 hours /(‘5‘2212’;}’1‘;‘:;) 222584 422%99 332103 242260 176% ‘3.7 95£31 92+31  90%32
Volume distribution®  1kg™ 0.07+001 018004 022+006 025:006 033£006 057+021 0582020 055+0.18
Female
C, ol 09+02  05x03 06203 04+02 03+02  05%02 04+02 ~05%02
) bt 140063 003+002 003%002 011007 0612016 150+070 098+0.51 124062
3 umol 35+1.1 17+05 1604 13203 09%03 - 05%01  04+01 0301
B - olgs00y 000021  000042& 000046 0.00043% 000023 000027 000079
2 0.0001 0.0003 0.0003 0.0003 0.0002 0.0002 0.0005
AUC of 24 hours ‘('511312‘:;‘;’;‘:8) 236+142 495+119 474110 334284 222469 119%33 9326 75+17
Volume distribution® 1kg™ 0082002 015%004 015004 020£005 028+008 0352010 043£0.14 043013
b. Gavage administration with a target dose of 3.13 ymol/kg
PFHpA PFOA PFNA PFDA PFUsDA  PFDoDA  PFTrDA  PFTeDA
n (C8) (C9) (C10) (c11) (C12) (C13) (C14)
Male
c, umol 1M -19£2 202 -19%3 ~18+4 ~15+4 114 -9+3 —6+3
i, ht 08+03  03=20.1 0.3%0.1 0201 02201 02201 02%01 0201
c, umol I 2946 234 204 19+4 16+4 11+4 9%3 62
i, bt 0.18+0.06 0.025+0.004 0.014+0004 0021001 0.033+0.01 0.041+0.01 0.042+0.01 0.040=0.01
AUC of 24 hours ‘(‘5‘;‘;‘21&‘;’““:5) 141551 348576 335%63  277x4 170230 9020 ©x21 Mzl
Female
C, pmol I -15+1 -17£5 ~16£5 -14x4 -8x3 -4+1 —-4+0 -3x1
A ! 02+01  0220.1 02+0.1 0201 0201 02201 03%01 0201
C, pmol 17 38x6 303 273 223 144 6x1 41 3x1
. o mesoss DS goms omme omms pome omms o
AUC of 24 hours fﬁg’;ﬁ‘gﬂ‘;‘s) 2154156 495+ 64 53563 41461  248+78  117x27 8423 5112
c. Ratio of dose-adjusted AUC (gavage average AUC / IV average AUC ratio, both adjusted with the administrated dose)
PFHpA PFOA PENA PFDA PFUnDA  PFDoDA  PFT:DA  PFTeDA
(&%) (C8) (€9) (C10) (11 (C12) (€13) (C14)
Male
06 08 10 L1 1.0 09 07 05
Female
0.9 1.0 L1 12 L1 1.0 0.9 0.7

Values are means + SD. a) See Eq (2).
PECA: perfluoroalkyl carboxylic acid.
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Fig. 2. Simulated serum concentrations in mice after gavage administration (0 to 24 hours).

Values derived from Table 1.

Dots indicate the observed values with gavage administration.

confirming efficient absorption and enterohepatic
circulation from the gut.

Urinary and fecal clearance of PFCAs in mice
Urinary and fecal clearance of PFCAs for both
IV and gavage administration in mice are shown in
Table S7. The urinary clearance of IV-administered
C8 (males, 13.1 ml//day/kg; females, 9.8 ml/day/kg)

was significantly smaller when compared with that
of C7 (males, 336.7 ml/day/kg; females, 216.3 ml/
day/kg) (Table S7). C7 had the highest fecal clear-
ance, although the level was still smaller than the
level of C7 urinary clearance, and C9 had the lowest
level of fecal clearance. C7 had the greatest total
clearance (males, 347.4 ml/day/kg; females, 265.7 ml/
day/kg), and C10 had the lowest (males, 2.2 ml/day/
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kg; females, 2.8 mi/day/kg). There were no marked
differences between sexes.

Gavage-administered PFCAs had similar clearance
patterns as IV-administrated PFCAs. C8 had a signif-
icantly lower urinary clearance (males, 9.2 ml/day/kg;
females, 6.6 ml//day/kg) than C7 (males, 248.8 ml/
day/kg; females, 166.7 m//day/kg) (Table S7). C7
had the highest fecal clearance, although it was still
smaller than the urinary clearance, and C9 had the
lowest fecal clearance. C7 had the highest total clear-
ance (males, 292.5 ml//day/kg; females, 190.2 mi/day/
kg), and C10 had the lowest (males, 3.9 ml/day/kg;
females, 2.2 ml/day/kg).

When the fecal clearances of gavage- and
IV-administered PFCAs were compared, dispari-
ties existed in the long-chain PFCAs (C13 and C14)
(Table S7). The feces after 24 hours of gavage
administration contained both PFCAs eliminated in
the bile and unabsorbed PFCAs that passed through
the gut. The actual fecal clearances of PFCAs were
represented by the fecal clearances of IV-administrated
PFCAs. To evaluate the absorbed ratios of PFCAs,
we calculated the theoretically absorbed portion using
the following equation:

Theoretical absorbed portion (%)=

100—Recovery in feces by gavage (%)%

Fecal CL by gavage—Fecal CL by IV
Fecal CL by gavage

Eq (3)

The results are recorded in Table S7. The theoreti-
cal absorbed portions for IV and gavage administra-
tion ranged from 94 to 104% for both males and
females, suggesting that the PFCAs were efficiently
absorbed in the gut.

Toxicokinetic model evaluation

The physiologically based pharmacokinetic model
of PFOA in rats and monkeys was previously devel-
oped using chemical parameters obtained from several
animal studies?>?¥. For this study, we developed a
simple two-compartment model based on the PFCA
concentration in mouse serum. This model described
the time courses of serum concentrations containing
single 3.13 umol (1.3 mg for PFOA)/kg doses via
gavage administration. To evaluate this model, we
applied it to the toxicokinetics of serum concentra-
tions with repeated gavage doses of 20 mg/kg?®. The
dose model, shown in Figure S2, using a gavage
dose of 20 mg/kg was selected because single gavage
doses of 40 mg/kg or more were necessary to observe
any nonlinear pharmacokinetics for PFOA in mice?.
PFOA serum concentrations reached a steady state
by about 8 days after the first dose, and the mini-
mum and maximum serum levels were approximately

260 and 185 ug/ml, respectively, for males and 300
and 400 pg/ml, respectively, for females. A previous
study showed that daily gavage doses of 20 mg/kg
yielded serum PFOA concentrations of 181 ug/ml
for males and 178 ug/ml for females after 7 days
and 199 ug/ml for males and 171 ug/ml for females
after 17 days?®. The simulated serum concentra-
tions in this study revealed that males showed similar
results, while females showed slightly higher results
(Fig. §2). These results confirmed that repeated doses
could be simulated using our simple two-compart-
ment toxicokinetic model with only single doses of
PFOA. Moreover, if the model could be applied to
other PFCAs, it would be enable us to predict PFCA
clearances in repeated gavage administration by using
only single gavages. Second, the doses could also
be scaled up from 1.3 to 20 mg/kg. Taken together,
this model might be able to represent the toxicokinet-
ics in both chronic and trace-level PFCA exposure.
However, the experimental proof for this was not
demonstrated in this study. Thus, our discussion at
the current conditions waits further confirmation.

Table 1 presents the numerical results of the model.
The A, values of the PFCAs (2C8) were much smaller
than the A, values for both IV and gavage administra-
tion, indicating that the PFCAs were distributed rapid-
ly into the body tissue and might have equilibrated
between the blood and tissues in their early phases.
These result suggested that the first exponential equa-
tion would be negligible for long-term observations
and that a one-compartment toxicokinetic model
would be sufficient for predicting the toxicokinetics of
PFCAs (2C8) in human serum?®®.

Urinary and biliary clearance in humans

The human urinary and biliary clearances of PFCAs
are shown in Table 2. The concentrations of PFCAs
in human serum, bile and urine are shown in Table
S8. C6 was not analyzed for clearances, as it was
not detected in the human serum. Human urinary
clearances for PFCAs were more than 200 times
smaller than those in mice and decreased with respect
to chain length (Fig. 3). Biliary clearance was lowest
for C9 and increased as a function of chain length for
C9 to C14 PFCAs (Table 2).

To calculate fecal excretion, we estimated the reab-
sorption rate of PFCAs excreted in the bile, as PFCAs
are known to circulate enterohepatically and to be
reabsorbed into the bile. Assuming a volume distribu-
tion of 200 m//kg (based on previous reported mouse
experiments®?"), a serum half-life of 3.8 years?, and
that C8 could only be excreted into the urine and
feces via the bile, the reabsorption rate of bile excret-
ing C8 was calculated as 0.98. We assumed that this
reabsorption rate was applicable to the other PFCAs.
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Fig. 3. PFCA (perfluoroalkyl carboxylic acid) clearances in mice and humans (values are

means = SD).

Table 2 shows the fecal clearances for PFCAs esti-
mated from biliary clearances. If the mouse PFCA
clearances by single gavage administration are compa-
rable to those in chronic and trace level exposure
(Section “Toxicokinetics model evaluation”), the esti-

mated fecal clearances would be similarly two times
smaller in humans than in mice. The total clearances
(urinary plus fecal clearances) were similar between
humans and mice: total clearance in humans decreased
as a function of chain length for C7 to C14, and C9
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Table 2. Urinary, biliary and fecal clearances of PFCAs in humans

PFHpA PFOA PENA PFDA PFUnDA PFDoDA PFTIDA PFTeDA
(CT (C8) (C10) (C11) (C12) (C13) (C14)

Urinary clearance o .
(Male, N=5; Female, N=5) ml/day/kg® 0.674 £0.374 0.044 +0.01 0.038+0.01 0.015+0.01 0.005+0.00 0.005+0.00 0.006+0.01 <MDL
Biliary clearance b R
(Male, N=3; Female, N=2) ml/day/kg <MDL 2.62+3.6 120+12 251+2.1 3.02+3.0 327+32 357+33 11.22+44
Estimated fecal clearance® ml/day/kg® — 00524005 0.024£0.02 0.050+0.04 0.060=0.04 0.065:0.04 0.071%0.05 0.2240.20
Total clearance ml/day/kg® 0.674 0.096 0.062 0.066 0.065 0.070 0.077 0.224

(Urinary clearance + Estimated fecal clearance)

Values are means + SD. a) See Section “Urinary and biliary clearance in humans”. b) Calculated by assuming a human body weight of 50 kg. c) Method

delection limit. PFCA: perfluoroalkyl carboxylic acid.

showed the lowest total clearance (0.062 ml/day/kg)
(Fig. 3). Nevertheless, the total clearances in humans
were 50—100 times smaller than those in mice.

PFCAs in mouse and human central nervous systems

PFOS and C8 PFOA are known to alter cell
membrane potentials, which in turn affects channel
gating properties®3%. This suggests that PFCAs may
cause neurological toxicities. We have previously
reported large concentration gradients of PFOS and
C8 PFOA between the CSF and serum?”, suggest-
ing that PFOS and C8 PFOA cannot enter the central
nervous system through the blood-brain barrier.
These reasons led us to evaluate the concentration
gradients of PFCAs between the brain and serum in
mice (Table 3). The gradients generally increased
with respect to chain length and were large for CS8,
C9 and C10 but small for C11 to Cl14. These results
suggested that PFCAs might not pass freely through
the human blood-brain barrier.

In humans, the PFCA concentrations in CSF were
smaller than those in the serum by two orders of
magnitude (Table 3). The mean PFCA concentration
in hydrocephalus patients ranged from 0.38 pg/m! to
37 pg/ml, whereas the mean concentrations in patients
with cerebral hemorrhage and liquorrhea ranged

from 1.3 pg/ml to 70 pg/ml. The ratio of PFCAs to-

serum was smaller for hydrocephalus patients than for
patients with cerebral hemorrhage and liquorrhea. It
is of interest that significantly higher PFCAs (C11
and C13) in the CSF were detected in patients with
cerebral hemorrhage and liquorrhea (p<0.05, Student’s
t-test). This phenomenon may be associated with
the direct infusion of serum into the central nervous
system®”. However, generalization based on these
patients only require further confirmations, as the
number of patients in this study was relatively small.

Implications of PFCA bioaccumulation
This study clearly demonstrated that the toxicoki-
netics of PFCAs was dichotomous: C6 and C7 PFCAs

were excreted rapidly from the body into the urine,
while PFCAs with alkyl chains longer than or equal
to C8 were deposited mainly in the liver. Elimination
by urine was more rapid than by the liver. Such toxi-
cokinetic characteristics could predict whether PFCAs
accumulated in the body. The total clearances of C10
to C14 PFCAs increased with respect to chain length,
implying a link with the lipophilicity of PFCAs and
they were mainly cleared into the feces via the bile.
Thus, C9 to Cl11 PFCAs accumulated the most in
mice. C6 and C7 PFCAs, which were efficiently
eliminated through the urine, had significantly shorter
half-lives than the other longer-chain PFCAs.

The biochemical mechanisms that cause bioaccu-
mulation as a function of chain length are not well
understood. Our study observed that the volume
distribution of PFCAs increased with increasing chain
length, which may be linked with the lipophilicity of
PFCAs. In addition to this, our study indicated that
longer-chain PFCAs had an increasing affinity for
serum and liver fatty acid binding proteins. Our inter-
pretation was supported by previous studies showing
short-chain PFCAs binding modestly to avian serum
proteins and binding increasing with longer chains®?.
These results suggest that unbound C6 and C7 PFCAs
were excreted by glomerular filtration in the kidney,
while the >C8 PFCAs were mainly eliminated by
bile in the liver. At the same time, long alkyl-chain
PFCAs (2C9) may accumulate preferentially in the
liver because of their high affinity for liver fatty acid
binding proteins®®. It is already a known fact that the
binding affinity of PFCAs increases with longer alkyl
chains®®. Further studies are required to understand
the large PFCA (=C8) depositions in the liver.

Implications for species difference

This study reports the toxicokinetic profile of
PFCAs with 9 different carbon chain lengths in
humans and mice. We found that the total clearances
(urinary plus fecal clearances) were similar between
the two species despite large magnitude differences.



PFTeDA
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PFTeDA
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PFNA
(€9
18281
0.015 £0.012
13.8+74
24.1+50

PFOA
(C8)
25+7
PFOA
(C8)
50.8 £19.1
0.021 +0.013

36.7+8.8
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(pg/mJ)
CSF/serum ratio
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CSF concentration
CSF concentration
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Brain /serum ratio
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)]
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Values are means = SD. a) Brain tissues were collected 24 hours after IV injection (IV dose: 0.313 uzmol/kg). b) *Significant difference between the CSF/serum ratios (p<0.05, the Student’s #test). n.s.: not significant

and liquorrthoea
(p>0.05). PECA: perfluoroalkyl carboxylic acid.
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Table 3. Concentration gradients of PFCAs between the serum and brain in mice and the serum and CSF in humans
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Differences in the PFCA elimination rates between
species have remained unclear. An epidemiological
study of retired workers from a C8 PFOA production
plant operated by 3M revealed that the serum elimi-
nation half-life was 3.8 years?. Another study found
that the serum elimination half-life of C8 PFOA was
much shorter in mice (15-20 days), rats (<1-15 days)
and Cynomolgus monkeys (20-35 days)®.

The reason for the extremely long half-life of
PFCAs in humans is still not well understood. PFCAs
are not metabolized biologically'V, thus these differ-
ences in half-lives are likely due to the difference in
clearances. In the current study, the long half-lives of
the PFCAs in humans were attributed to poor elimina-
tion from the kidney®3%. Renal clearance of PFOA
was reduced by probenecid, which decreases organic
acid excretion in the urine, suggesting that organic
anion transporters may have some important role
for PFCA excretion®™. Other previous experiments
studying transporters in rats and mice in vivo and in
humans in vitro have also suggested that organic anion
transporters in the proximal kidney tubules might be
responsible®®. Indeed, the urinary clearances of C7
and C8 in mice in this study were 500 and 300 times
larger than those in humans, respectively. Thus, the
species differences are mainly due to the difference
in urinary clearances. However, the fecal clearances
also differed by one order of magnitude, indicating
the other membrane transporters in the liver may also
be involved. Furthermore, a slightly higher partition
ratio was observed for long-chain PFCAs in mice,
but this was not observed in the corresponding parti-
tion ratio in humans (CSF/serum). PFCAs in the
human CSF ranged from 1.0 to 2.5% of those in
serum. This result indicated a species difference in
the brain concentrations of PFCAs between human
and mice. A previous study revealed that the blood-
brain barrier in both humans and mice is maintained
by several organic anion transporters, such as organic
anion transporter 3, which may actively transport
PFCAs from the CSF into the serum?®. However,
there are some species differences in substance selec-
tivity between mouse and human organic anion trans-
porter 3*0. The species difference in this study may
be explained by a difference in substrate selectivity of
the transporters between humans and mice.

Limitations of this study

This study had several limitations. First, the PFCA
toxicokinetic model was for short-term observations.
Nevertheless, our model could simulate both single
and repeated doses and scale up C8 doses (Section
“Toxicokinetic model evoluation”). It is unknown
whether the model is applicable to other PFCAs and
in accordance with actual experimental data from
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chronic and trace-level administration. This warrants
further investigation. Second, several parameters,
such as the rate of PFCA reabsorption into the
human enterohepatic circulation and the serum to
CSF ratio in mice, were estimated, and this therefore
increases the uncertainty in the current study. Third,
the number of human samples was relatively small,
which may prevent generalization based on the current
results.

Conclusion

The present study was a comprehensive toxicokinet-
ics study of PFCAs in mice and humans. The high-
light of this study was evaluation of various PFCAs
of different alkyl chain lengths in mice and humans
based on biological residual potency. The large depo-
sition of PFCAs (=C8) may suggest that fatty acid
binding proteins in the liver have an important role
for PFCA bioaccumulation. In addition, a simple
two-compartment toxicokinetic model for PFOA was
shown to simulate serum concentrations by both single
or repeated dosing and small or large doses. This
information will be useful for evaluating bioaccumula-
tion of PFCAs in a variety of species.
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This study investigates perfluoroalkyl carboxylic acids (PFCAs) contamination of edible fish muscle from
Japanese coastal waters. The concentrations of PFCAs with 8—14 carbon atoms (C8—C14) in Pacific cods in
Hokkaido, Japan were 51 (median: pg/g-wet weight) for C8, 93 for C9, 99 for C10, 746 for C11, 416 for C12,
404 for C13, and 93 for C14. The levels of C9—C14 PFCAs in fish were strongly correlated to each other, but
not to C8 and the other chlorinated persistent organic pollutants, indicating that C9—C14 PFCAs have a
different emission source and/or bioaccumulation mechanism. The relative ratios between estimated
PFCAs intake through fish consumption and the reported total dietary exposure of PFCAs were less than 1
for C8 to €9, but were more than 1 for C10 to C14. This result strongly suggests that fish consumption is a
significant source of human dietary exposure to C10—C14 PFCAs.

© 2015 Elsevier Ltd. All rights reserved.

1. Introduction

Perfluorochemicals (PFCs) such as perfluorooctane sulfonate
(PFOS) and perfluorooctanoic acid (PFOA or C8), containing both
hydrophobic and hydrophilic regions, have been used as surface
tension depressants in the manufacturing industry. Then, they
entered the environment and have been detected in human serum.
A major manufacturer, 3M Company, phased out PFOS production
in 2002 (Renner, 2001). Consequently, temporal trends have

Abbreviations: PFCAs, perfluoroalkyl carboxylic acids; PFOS, perfluorooctane
sulfonate; PFOA or C8, perfluorooctanoic acid; PFNA or C9, perfluorononanoic acid;
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PFDoDA or C12, perfluorododecanoic acid; PFTrDA or C13, perfluorotridecanoic
acid; PFTeDA or C14, perfluorotetradecanoic acid; IDLs, instrumental detection
limits; MDLs, method detection limits; RSD, relative standard deviation; SD, stan-
dard deviation; GM, geometric mean; GSD, geometric standard deviation; DDT,
dichlorodiphenyltrichloroethane; HCB, hexachlorobenzene; PCB, Polychlorinated
biphenyls; trans-NC, trans-nonachlor; p-HCH, beta-hexachlorocyclohexane; POPs,
persistent organic pollutants; DDE, dichlorodiphenyldichloroethylene; PCA, prin-
cipal component analysis.
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revealed decreases in the human serum levels of both PFOS and
PFOA since 2000 (Haug et al., 2009; Olsen et al., 2007). In contrast,
levels of perfluoroalkyl carboxylic acids (PFCAs) with carbon chains
longer than eight (>C8) have continued to increase in human serum
in East Asia and Sweden (Glynn et al., 2012; Harada et al.,, 2011).

The relative importance of different exposure pathways of PFCs
for humans is still under debate (Vestergren et al.,, 2012). In Swe-
den, intake of contaminated fish from the Baltic Sea has been
suggested to contribute significantly to blood PFOS levels in
humans (Berger et al.,, 2009). So far, however, most marine biota
monitoring studies have focused on inedible parts of marine or-
ganisms, such as the liver, as a target organ for PFC accumulation
(Hart et al, 2008; Houde et al, 2006) and on freshwater fish
(Hlouskova et al., 2013; Murakami et al., 2011). Very little is known
about the levels of long-chain PFCAs in edible sea fish in Japan,
despite the fact that the Japanese diet is mostly composed of sea
fish. Additionally, there is no information on the relationship be-
tween the concentrations of PFCAs and other lipophilic persistent
organic pollutants (POPs) in edible fish.

The aim of the present study was therefore to assess the
contribution of sea fish consumption to human PFCA exposure. To
this purpose, we investigated the levels of PFCA (C8—C14) from
edible Pacific cod in Hokkaido. The seawaters of Hokkaido are one
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of the most important areas for commercial fishing in Japan, where
Pacific cod is consumed by Japanese as one of major dietary fishery
products. Furthermore, PFCA contamination of Pacific cods was
compared among the Pacific Ocean, the Sea of Okhotsk and the Sea
of Japan to evaluate current and historical release of PFCA. The
present study also examined correlations between the concentra-
tion of PFCAs and other persistent organic pollutants (POPs), such
as dichlorodiphenyltrichloroethane (DDT) metabolites, hexa-
chlorobenzene (HCB), polychlorinated biphenyls (PCBs), trans-
nonachlor (trans-NC) and beta-hexachlorocyclohexane (-HCH).

2. Material and methods
2.1. Sample collection

Seawaters around Hokkaido are a major distribution area for
Pacific cod (Gadus macrocephalus), which commonly live in the
coastal to continental shelf region (Mishima, 1989). The biggest
catch is usually made by offshore trawl fishery in the Sea of Okhotsk
and/or coastal fishery both in the Pacific Ocean and the Sea of Japan.
The annual catch of Pacific cod in fishery was estimated at
25000—30000 tons in 2012, of which more than half was from the
coastal waters of the Pacific Ocean, Hokkaido (Chimura and Tanaka,
2014). We purchased fillets and whole Pacific cod from retail out-
lets in Hokkaido, Japan between October 2012 and January 2013.
These collected Pacific cods were originated from three seawaters
(Fig. 1.). We collected 22 cod samples in total: 12 samples were from
the Pacific Ocean, Hokkaido, 5 samples were from the Sea of
Okhotsk, and 5 samples were from the Sea of Japan, Hokkaido
(Fig. 1). A summary of the fish sample information is provided in
Table 1. Neither fat content nor body weight of the fish samples

Table 1
Characteristics of Pacific cod samples obtained from Hokkaido, Japan.

Water area n Weight (kg) Fat content (%)

Pacific Ocean 12 26+ 1.3° ns. 52+10 ns.’
Sea of Japan 5 1.6+ 0.7 ns. 52+13 ns’
Sea of Okhotsk 5 31+16 ns? 5.0+08 ns’

Data are presented as the mean + standard deviation.
2 Body weight of one fish sample is a blind figure.
b n.s.:not significant (p > 0.05, ANOVA).

showed any statistical significance between three seas (ANOVA,
p < 0.05). The fish samples were stored at —20 °C until analyses and
edible muscle parts were used for the evaluation.

2.2. Chemicals

Methanol (LC-MS grade) was obtained from Merck KGaA
(Darmstadt, Germany). Methyl tert-butyl ether (MTBE) (HPLC
grade) was obtained from Kanto Chemicals Co., Ltd. (Tokyo, Japan).
Benzyl bromide was obtained from the Tokyo Chemical Industry
Co., Ltd. (Tokyo, Japan). Tetrabutylammonium hydrogen sulfate,
sodium carbonate, sodium hydrogen carbonate and 11H-per-
fluoroundecanoic acid (11H-PFUnDA) were obtained from Wako
Pure Chemical Industries (Osaka, Japan). A mixture of 3C4-labeled
PFOA, 3Cs-labeled perfluorononanoic acid (PFNA or C€9), 3C,-
labeled perfluorodecanoic acid (PFDA or C10), >C,-labeled per-
fluoroundecanoic acid (PFUnRDA or C11) and '3C,-labeled per-
fluorododecanoic acid (PFDoDA or C12) were purchased from
Wellington Laboratories Inc. (MPFAX-MXA; Guelph, Canada). For
POPs analysis, selected organohalogen pesticides (pesticide mix
1037) and PCBs (BPMS) were purchased from Kanto Chemical Co.
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Fig. 1. Map showing the sampling locations for Pacific cod (N = 22). The migration area of each fish group is localized around the spawning ground (Chimura and Tanaka et al., 2014;

Hattori, 1994).
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Ltd (Tokyo Japan) and Wellington Laboratories Inc (Guelph, Can-
ada), respectively.

2.3. Determination of PFCAs and POPs concentrations in fish
samples

2.3.1. Clean-up procedure

PFOA, PFNA, PFDA, PFUnDA, PFDoDA, perfluorotridecanoic acid
(PFTrDA or C13) and perfluorotetradecanoic acid (PFTeDA or C14)
and five selected POPs (dichlorodiphenyldichloroethylene (DDE),
HCB, PCB153, trans-NC and B-HCH) were analyzed by gas
chromatography-mass spectrometry (GCMS, Agilent 6890GC/
5973inertMSD). PFCAs were measured as described elsewhere
(Fujii et al., 2012a, 2013). Briefly, 1-2 g of fish samples and 10 mL of
methanol were placed in a 50 mL centrifuge tube and homoge-
nized. Part of the homogenate (1 mL) was transferred into a 15 mL
polypropylene tube. A recovery surrogate mixture (1 ng each of,
13Cy-labeled PFOA, *Cs-labeled PENA, '*Cp-labeled PFDA, *C;-
labeled PFUnDA, and '3C,-labeled PFDoDA) was added to the tube.
Next, 2 mL of 0.5 mol L~! tetrabutylammonium hydrogen sulfate/
0.25 mol L ! sodium carbonate buffer (pH adjusted to 10 using
NaHCOs3) and 2 mL of MTBE were added to the samples and the
tubes were vortex mixed for 60 s. The samples were then centri-
fuged at 870 x g for 10 min and the organic layer was removed. This
step was repeated and the organic layers were combined in a clean
tube and then dried. The residue was redissolved in 100 pL of a
0.1 mol L~! benzyl bromide/MTBE solution containing 10 ng of 11H-
PFUNDA as external calibration standard. The solution was then
derivatized to benzyl esters at 60 °C for 1 h. No further clean-up was
conducted. Organochlorine pollutants (DDE, PCB153, HCB, trans-
NC, and B-HCH) were measured as described elsewhere (Haraguchi
et al., 2009). Briefly, 10 g of fish materials were extracted with 0.1%
formic acid/ethanol, diethylether and hexane. A gel permeation
column and silica gel were used to purify the fatty materials for
GC—MS.

Table 2
Concentrations of PFCAs in Pacific cod samples.

2.3.2. Instruments and quantification

Derivatized PFCAs were analyzed by GC—MS with electron-
capture negative ionization (GC/ECNI/MS) in selected ion moni-
toring mode. PFCA benzyl esters were separated on an HP-5MS
column (30 m x 0.25 mm id., 0.25-um-thick film) with helium
carrier gas (99.999% purity). Splitless injections (1 uL) were per-
formed with an injector temperature of 220 °C, and the split vent
was opened after 1.5 min. The initial oven temperature was 70 °C
for 1.5 min, after which it was increased to 230 °C at 20 °C min~",
then to 280 °C at 4 °C min~", and then held at 280 °C for 5 min.
Methane (99.99% purity) was used as the reagent gas (2 mL min~').
4,4'-DDE, HCB, PCB153, trans-NC and B-HCH were selected and
determined for POP analysis in Pacific cods. The GC—MS conditions
for POPs are the same as those for PFCAs, except for using the
electron impact ionization mode. The target ions for determination
of PFCAs are summarized in Supplemental Table 1. The detection
limit was defined as the mass of the analyte producing a peak with
a signal-to-noise ratio of 3 for PFCAs and 10 for the other POPs.

2.4. Quality assurance

We used Milli-Q water as the procedural blank control. The
average blank values (n = 6) are listed in Supplemental Table 1. In
the case of blank levels, the mean blank signal was subtracted from
the calculated sample concentration and the method detection
limits (MDLs) were defined by the following equation;
MDL = a + 3B, where a is the mean of the blank signals and § is the
standard deviation of the blank signals. The calibration was linear
and characterized by good correlation coefficients (>0.99) for all of
the studied compounds. The quality of the method was verified by
standard reference materials (fish tissue standard reference mate-
rial from the National Institute of Standards and Technology, 1946)
for PCBs and PFCAs (Reiner et al., 2012). The recoveries of the PFCAs
were examined by spiking each standard compound into the Pacific
cod samples. The mean recoveries were between 85 and 97%.

pg g-wet weight™!

PFOA PFNA PFDA PFUnDA PFDoDA PFTTrDA PFTeDA Total
(C8) (C9) (€10) (c11) (c12) (€13) (C14) 3C8 to C14
Pacific Ocean n> MDL(%)  7(58) 12(100) 12(100) 12(100) 12(100) 12(100) 12(100) 12(100)
(n=12) Median 35(<26 97(43-178) 137(65—269) 865(453 182(38—349) 467(165 105(42 2107(819
(Range) —136) —1472) —916) —-182) —3310)
Mean + SD 51 +45ns 104 +45ns® 143 £ 66n.s” 917 £ 373 A 190+ 95ns”® 550 +268n.s® 110 x50 ns. 2066 + 835 n.s.?
GM (GSD) 34(2.6) 94(1.6) 130(1.6) 847(1.5) 163(1.9) 486(1.7) 99(1.6) 1899(1.6)
Sea of n> MDL (%) 4(80) 4(80) 4(80) 5(100) 4(80) 5(100) 5(100) 5(100)
Japan Median 39(<26-58) 81(<21 102(<23 890(147 237(<37 808(99 152(42 2308(377
(n=5) (Range) —124) -171) —1278) —325) —1296) ~188) -3362)
Mean + SD 38 +17ns®  72+41ns® 109+ 63ns® 882+ 456 AB® 210 = 124 n.s.® 701 £ 451 ns® 13157 ns® 2144 + 1160 n.s?
GM (GSD) 34(1.8) 56(2.6) 80(3.0) 708(2.5) 148(3.3) 524(2.7) 117(1.8) 1718(2.4)
Sea of n>MDL(%)  5(100) 5(100) 5(100) 5(100) 5(100) 5(100) 5(100) 5(100)
Okhotsk Median 88(53—404) 108(80 75(49-86) 421(312-513) 85(38—122) 277(127 62(24-96) 1184(784
(n=5) (Range) —183) —325) ~1401)
Mean + SD 140 + 149 n.s.” 122 +45ns" 70 = 17ns.” 420 + 84 B 84 +30ns.? 259 + 76 ns® 60 +29ns’ 1155+ 228n.s.t
GM (GSD) 101(2.3) 116(1.4) 68(1.3) 413(12) 79(1.5) 247(1.5) 54(1.7) 1135(1.2)
Total n>MDL (%) 16(73) 21(95) 21(95) 22(100) 21(95) 22(100) 22(100) 22(100)
Median 51(<26 93(<21 99(<23-269) 746(147 146(<37 404(99 93(24—188) 1728(377
(Range) —404) -183) ~1472) —349) —1296) -3362)
Mean + SD 68 + 83 101 + 46 119 + 63 796 + 397 171 £ 101 518 + 319 104 + 52 1877 + 891
GM (GSD) 44(2.6) 88(1.9) 100(1.9) 691(1.8) 135(2.2) 424(2.0) 90(1.8) 1651(1.7)

MDL: method detection limit; SD: standard deviation; GM: geometric mean; GSD: geometric standard deviation.
Concentrations lower than the detection limits were considered to be equal to half of the detection limit for statistical analyses.
2 Values with different letters differ significantly (p < 0.05, Tukey—Kramer HSD test). For example, the letters A and B indicate that the corresponding values differ. n.s.:no

significant differences in ANOVA.
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2.5. Statistical analysis

All statistical analyses were conducted using the J]MP® 10 (SAS
Institute Inc., Cary, NC, USA) and the SPSS software Version 22 (SPSS
Inc., IL, USA). Values of p < 0.05 were considered to indicate sta-
tistical significance. Concentrations lower than the MDLs were
considered to be equal to half of the MDLs for statistical analyses.
Differences between mean values among the three seas were tested
by Tukey-—Kramer's honestly significant difference (HSD) test when
statistical tests by ANOVA were significant. Differences between
mean values among carbon chain length were tested by paired t-
test with Bonferroni adjustment. Correlations were tested by
Pearson correlation after logarithmic transformation of the PFCA
concentrations. A principal component analysis (PCA) was used to
reveal the potential difference of target compounds between PFCAs
and POPs. The analyses were conducted via a correlation matrix.
When the eigenvalues were >1, eigenvectors were employed for
the analysis. Varimax rotation was applied to these eigenvectors.

3. Results and discussion
3.1. PFCA and classical POP concentrations in Pacific cods

In the present study, we first demonstrated the presence of
PFCAs in edible fish muscle from Japanese coastal waters. Con-
centrations of PFCAs in Pacific cods are shown in Table 2. All sam-
ples contained long-chain PFCAs (C9<), while PFOA (C8) was
detected in 73% of all samples. PFCA levels (C8—C14, median) were
51 pg g~ wet weight for C8, 93 for C9, 99 for C10, 746 for C11, 146
for C12, 404 for C13, and 93 for C14. The PFCAs with longer chains
(C9—C14) than C8 represented 96% of the total PFCAs averaged over
the three seas, suggesting that the Japanese population have been
exposed to long-chain PFCAs through sea fish consumption. Among
these detected long-chain PFCAs, odd-numbered PFCAs (C11 and
C13) were detected at higher concentrations than neighboring,
even-numbered PFCAs (C10, C12 and C14) (<0.0001, by paired t-
test). Interestingly, long-chain PFCA (C10—C14) concentrations in
samples from the Pacific Ocean and the Sea of Japan were about two
to three times higher than those in samples from the Sea of
Okhotsk, although a significant difference was only observed for
the C11 concentration (p < 0.05, HSD test). The lack of significance
could be due to the small sample size (The sea of Japan and the sea
of Okhotsk, both n = 5). Previous studies have revealed that some
consumer products such as sunscreen and cosmetics contain rela-
tively high levels of long-chain PFCAs (Fujii et al, 2013). In

Table 3
Correlation among different chain length PFCAs and classical POPs (n = 22).

o 44-DDE|(2)
Trans-NC Aif NICBLS3
; (1
05 B-HCH, _ PFT¢DA (Cl14)
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Fig. 2. Principal component analysis between PFCAs (C8 to C14) and classical POPs.
When the eigenvalues were >1, eigenvectors were employed for the analysis. Varimax
rotation was applied to these eigenvectors. (1) long-chain PFCAs (C9-C14), (2) classical
lipophilic POPs, and (3) PFOA (C8).

Hokkaido, the coast of the Sea of Japan is inhabited by the largest
human population of the three seas, followed by the Pacific Ocean
and then the Sea of Okhotsk. This indicates that difference in PFCA
concentrations could be related to consumption activity, depending
on the size of the population. In addition, long-chain PFCAs can be
transported by ocean flows from distant areas such as the main
island of Japan and nearby countries.

For classical POPs, the concentrations of 4,4'-DDE and HCB were
one order of magnitude higher than that of PCB153, trans-NC and -
HCH across the three Seas (Supplemental Table 2). The levels of
4,4'-DDE and PCB153 are higher in the Sea of Japan, followed by the
Sea of Okhotsk and then the Pacific Ocean. However, HCB, trans-NC
and B-HCH levels did not differ across the three Seas. This result
indicates that there may be current or historical emission sources
for 4,4'-DDE and PCB153 from the coast of the Sea of Japan and/or
nearby countries.

3.2. Correlations between PFCAs and classical POPs

The correlation coefficients between PFCAs (C8—C14) and five
classical POPs (4,4'-DDE, HCB, PCB153, trans-NC, B-HCH) (n = 22)

PFCAs Classical POPs
PFOA(C8) PFNA (C9) PFDA (C10) PFURDA (C11) PFDoDA (C12) PFTrDA (C13) PFTeDA (C14) 4,4-DDE HCB  PCB153 trans-NC
PFCAs PFOA (C8) 1
PENA (C9) 0431° 1
PFDA (C10) 0.011 0.748" 1
PFUNDA (C11) -0.228 0.523° 0.920° 1
PFDoDA (C12) -0.135 0.560" 0.886" 0.944° 1
PFTrDA (C13) -0.151 0.435° 0.828° 0.917° 0.965" 1
PFTeDA (C14) —-0.235 189 0.569" 0.703" 0.825" 0.824" 1
Classical POPs 4,4'-DDE 0.057 -0268  -0.134 0.045 0.061 0.176 0316 1
HCB 0.187 0011  -0.157 —-0.196 -0.210 —0.131 ~0.341 0264 1
PCB153 0.038 -0.170  -0.074 0.079 0.149 0228 0.390 0936° 0167 1
trans-NC 0.093 -0242  -0.163 -0.010 -0.044 0.033 0.165 0.899" 0202 0.781° 1
B-HCH 0340 -0.090  -0.154 -0.159 -0.084 0.033 -0.010 0278  0.555" 0208 0.137

Bold font: |r|>0.4.
2 Correlation is significant at the 0.05 level (2-tailed).
b Correlation is significant at the 0.01 level (2-tailed).
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Table 4
Comparison of PFCA concentration of sea and river fish with reported data.

Sampling  Concentrations (pg g-wet weight™)
COUnttY  \aterarea  Sampling Fish type PFOA PFNA  PFDA  PFUNDA PFDoDA PFTtDA PFTeDA Reference
year (c8) (€9) (C10)  (C11)  (C12)  (C13)  (C14)
Sweden Baltic sea 2001 edible fish Median <100—200 100-260 <80—170 <80-300 <80-90 190-230 <0.15 Berger et al., 2009
muscle
Japan Pacific Ocean 2012 edible fish Mean 100 129 176 955 230 563 110 This study
muscle
Japan Sea 2012 edible fish Mean 87 99 143 920 248 714 131 This study
muscle
Sea of Okhotsk 2012 edible fish Mean 191 148 103 457 123 272 60 This study
muscle
River in Tokyo® 2007 carp muscle Range <50 100-900 200 900 200 300 100 Murakami et al., 2011.
—1400 -9800 —-2100 —4200 -1000
China East China Sea — fatty fish Mean 16-70 nd.—69 39-353 - - - - Wu et al., 2012.
(6 costal
province)
China South China 2009 edible fish Mean <LOD- <LOD- <LOD- <LOD- <LOD <LOD- <LOD Zhao et al., 2011.
Sea muscle 1000 860 600 710 750
Czech 6 rivers 2010 fish muscle Mean 200 400 1960 2470 3850 2720 3590 Hlouskovd et al.,

2013,

2 Drainage canal near a sewage-treatment plant outfall.

are listed in Table 3. Among the PFCAs, C10, C11, C12, C13 and C14
showed a strong association (r = 0.569 to 0.965, p < 0.01), but were
not associated with the five classical POPs. Based on this result, we
conducted a PCA to reveal the potential difference of studied
compounds. The PCA revealed the 1st factor (F1), 2nd factor (F2)
and 3rd factor (F3), accounted for 40.0%, 26.1%, and 14.9% of the
total variance (with eigenvalues of >1), respectively (Supplemental
Table 3). In the PCA, F1 indicated higher eigenvectors for long-chain
PFCAs (C9—C14) while F2 had positive eigenvectors for classical
POPs (4,4'-DDE, PCB153, and trans-NC). F3 had a moderate positive
eigenvector for the other compounds (mainly, C8) (Supplemental
Table 3). In summary, as shown in Fig. 2, the PCA divided the
target compounds into three groups; (1) long-chain PFCAs
(C9—C14), (2) classical lipophilic POPs, and (3) the others (mainly,
C8). This indicates that the long-chain PFCAs (C9-C14) have a
similar emission source, which differs from that of classical POPs
and PFOA (C8). In human serum, the levels of classical POPs and
PFOA (C8) have decreased over a decade, but long-chain PFCA levels
are still increasing (Fujii et al,, 2014; Harada et al., 2011), which may
simply reflect the differences in emission trends of those com-
pounds over time. Moreover, the result of the PCA may also reflect
the different bioaccumulation mechanisms of the studied com-
pounds. PFOA (C8) has both hydrophobic and hydrophilic regions
and tends to accumulate in serum due to its binding affinity to
serum proteins (Fujii et al., 2015; Jones et al., 2003). On the other

hand, the long-chain PFCAs are known lipophilic contaminants,
since the lipophilicity increases with increasing chain lengths and
are anticipated to have a similar distribution pattern to the lipo-
philic POPs, which accumulate in lipid-rich tissues. However, in this
study the long-chain PFCAs were independent of the POPs (Table 3
and Supplemental Table 2, Fig. 2), suggesting different bio-
accumulation mechanisms. This result may be explained by pre-
vious in vivo and in vitro studies, showing that long-chain PFCAs
may accumulate preferentially in liver over lipid-rich tissues due to
a high affinity for fatty acid binding proteins in the liver (Fujii et al.,
2015; Zhang et al,, 2013).

3.3. Comparison of PFCA concentrations with reported data

Although data concerning the PFCA levels in edible sea fish
samples are not as abundant as those in freshwater fish, there are
several reports from Greenland, Norway and China, and the rele-
vant data are summarized in Table 4. The levels of PFCAs in sea fish
tend to be lower than those in river fish (Hlouskova et al., 2013;
Murakami et al., 2011). PFCA levels in sea fish in Japan were com-
parable to previous studies from China and Greenland, while
slightly lower than in Norway (Berger et al., 2009; Wu et al,, 2012;
Zhao et al., 2011). Odd-numbered PFCAs are slightly predominant
in all previous studies in sea fish, which matches the data from the
Japanese fish samples. However, the levels of PFCAs in freshwater

Table 5
Daily intake estimations and risk assessment for the Japanese population in Hokkaido.
ng day™!
PFOA PFNA PFDA PFUnDA PFDoDA PFTrDA PFTeDA
(C8) (C9) (C10) (€11) (C12) (C13) (C14)
(1) Estimated intake of PFCAs via fish consumption® ng/day 29 43 5.1 34.0 73 22.1 4.4
(2) Reported total dietaly intake of PFCAs” ng/day <18.1 7.8 <3.6 20.6 4.9 14.5 <3.6
Ratio of (1) to (2) (1)(2) 0.3° 0.6 2.8° 1.7 1.5 15 2.4¢
% of TDI % 0.004 - - - - - -

3 Average raw fish consumption in Japan was assumed as 42.7 g day~'(National Health and Nutrition Survey, reported by the Ministry of Health, Labour and Welfare of Japan

(2012)).

b Dietary intake of PFCAs from composite food samples in Hokkaido area (all food and drink items that they consumed over a 24 h period) (Fujii et al., 2012a).
¢ Concentrations lower than the MDLs were considered to be equal to half of the MDLs.
4 provisional tolerable daily intake (PTDI) is 1500 ng kg-body weight=' day™?) for C8 given by the Scientific Panel on Contaminants in the Food Chain requested by the

European Food Safety Authority in 2008. Body weight is set to 50 kg.
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fish in the Czech Republic did not show such odd-number pre-
dominance (Table 4) (Hlouskova et al., 2013). These differences may
reflect the contamination pattern in that particular area of water.

3.4. Duily intake and toxicological impact of PFCAs

3.4.1. Fish as a source of PFCAs exposure to humans

We estimated the PFCAs intake through fish consumption to
assess the contribution of sea fish consumption to PFCA exposure of
the Japanese population in Hokkaido. Average unprocessed fish
consumption of the Japanese population has been reported to be
427 g day~! by the National Health and Nutrition Survey (the
Ministry of Health, Labor and Welfare of Japan. 2012). In this study,
the mean PFCA intake through fish was estimated to be 2.9, 4.3, 5.1,
34.0, 7.3, 22.1 and 4.4 ng day™! for C8, €9, C10, C11, C12, C13, and
C14, respectively (Table 5), assuming that all consumed fish species
in the survey contain similar levels as Pacific cods. Recently we
reported the dietary PFCAs exposure based on food-duplicate
containing all food and drink items that humans consumed over
a 24 h period in the Hokkaido area (Fujii et al.,, 2012a) As shown in
Table 5, the relative ratio between the estimated PFCAs intake
through fish consumption and the reported total dietary exposure
were lower than 1 for C8 and C9 (0.3 for C8, and 0.6 for C9), but
were higher than 1 for the long-chain PFCA (2.8 for C10, 1.7 for C11,
1.5 for C12, 1.5 for C13, and 2.4 for C14). This result strongly suggests
that fish consumption is a significant source of dietary exposure to
long-chain PFCA (C10—C14). The results also showed that odd-
numbered PFCAs predominated in the cod fish samples. This is
consistent with a previous biomonitoring study of human serum
(Harada et al.,, 2011; Okada et al., 2013), for which the intake of
PFCAs through ingestion of fish may be an important route of
exposure. In the present study, C8 and C9 made up less than 0.6 of
total dietary intake, indicating that C8 and C9 have a different
exposure source such as drinking water.

3.4.2. Risk assessment of dietary PFCAs intakes

The tolerable daily intake (TDI) for C8 was set to be 1500 ng kg
body weight~! d~1 by the Scientific Panel on Contaminants in the
Food Chain created by the European Food Safety Authority in 2008
(Fujii et al., 2012b). As of 2014, there is no established TDI for PFCAs
that are longer than C8. The dietary intakes of C8 through fish
consumption were much lower than the TDI in this study (less than
0.004% of TDI) (Table 5). These observations may indicate that the
health risks of C8 for dietary exposure through fish consumption
are limited.

Bioaccumulation factors of PFCAs in biota have been reported to
be increased with increasing perfluoroalkyl chain length (generally,
>C8) (Martin et al., 2003). This is in agreement with our results
showing that the concentrations of the longer chain PFCAs (C9 to
C14) comprised 96% of the total studied PFCAs (C8 to C14) in fish
samples. Those facts strongly suggest that the long chain PFCAs
should be major targets of PFCAs risk assessment.

Toxicological implication for human exposed to long-chain
PFCAs via diet is not known. The potential toxicities of PFCs based
on laboratory studies of animals (monkeys and rats) are reduced
body weight, increased liver weight, hepatoxicity, alteration of
hepatic lipid metabolism and peroxisome, reduction of serum
cholesterol and thyroid hormones (Lau et al, 2004). A recent
research revealed antibody productions by immunization of
tetanus and diphtheria in children can be suppressed depending on
serum PFCA concentrations in the general human population
(Grandjean et al.,, 2012). Moreover, in vivo study, long chain PFCAs
have caused higher biological responses than C8 for immunotox-
icity (Corsini et al., 2012). Considering that edible fish is a major
human dietary source of long chain PFCAs, it is important to

investigate the marine environmental fate of long chain PFCAs and
their risk assessment of human exposure.

4. Conclusions

We analyzed the PFOA (C8) and PFCAs (C9—C14) from 22 cod
samples collected in coastal areas of Hokkaido, northern Japan. The
long-chain PFCAs (C9—C14) reached 96% of the total PFCAs aver-
aged across the three seas. The results indicate that long-chain
PFCAs (C10—C14) in sea fish is a significant source of dietary
exposure to PFCA intake. Furthermore, the levels of long-chain
PFCAs were strongly correlated to each other, but not to C8 and
the other classical POPs, indicating that long-chain PFCAs have a
different emission source and/or bioaccumulation mechanism than
C8 and the POPs.
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HIGHLIGHTS

» Haloacetic acids (HAAs) levels in tap water are determined.

« Pentafluorobenzyl esterification is used for pretreatment.

« Gas chromatography/mass spectrometry with negative chemical ionization is used.
« Method has low detection limits (8-94 ng L™!) and good recovery rates (89-99%).
« The HAAs concentrations are in range 0.54-7.83f Kg L™ in Japanese tap water.
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Article history: Chlorine is the most widely used disinfectant for control of waterborne diseases in drinking water treat-
Received 26 February 2014 ment. It can react with natural organic matter in water and form haloacetic acids (HAAs). For analysis of
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Available online 1 September 2014 n Japan. However, diazomethane is a carcinogenic alkylating agent. Therefore, in this study, a safe, sim

ple, and sensitive quantification methoed was developed to monitor HAAs in drinking water. Pentafluorob-
Handling Editor: Keith Maruya enzyl esterification was used for pretreatment. The pentafluorobenzyl-ester derivative was detected by
gas chromatography-negative ion chemical ionization-mass spectrometry analysis with very high sensi-
tivity for HAAs analysis. The method has low detection limits (8-94 ng L™!) and good recovery rates (89—

ﬁ?;:fcredtsi'c acid 99%) for HAAs. The method was applied to 30 tap water samples from 15 cities in the Kansai region of
Trichloroacetic acid Japan. The levels of HAAs detected were in the range 0.54-7.83 pg L™'. Dichloroacetic acid, trichloroacetic
Tap water acid, and bromochloroacetic acid were the major HAAs detected in most of the tap water, and accounted
Pentafluorobenzyl ester for 29%, 20% and 19% of the total HAAs, respectively. This method could be used for routine monitoring of

HAAs in drinking water without exposure of workers to occupational hazards.
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1. Introduction

In drinking water treatment, chlorine is widely used for control
Abbreviations: HAAs, haloacetic acids; MCAA, monochloroacetic acid; DCAA, of waterborne diseases such as cholera, typhoid, hepatitis and gas-
dichloroacetic acid; TCAA, trichloroacetic acid; MBAA, monobromoacetic acid; tro-intestinal illness (Morris and Levin, 1995). However, it can

DBAA, dibromoacetic acid; TBAA, tribromoacetic acid; BCAA, bromochloroacetic react with natural organic matter in water to form a variety of dis-

acid; DBCAA, dibromochioroacetic acid; BDCAA, bromodichloreacetic acid; PFBBr, . . . . . N
2.3,4,5,6-Pentafluorobenzyl bromide; MTBE, methyl ert-butyl ether; GC-NCl-Ms,  infection by-products, including trihalomethanes and haloacetic

gas chromatography-negative ion chemical ionization-mass spectrometry; MCL, acids (HAAs) (Badawy, 1992).

maximum contaminant level; IDL, instrumental detection limit; MDL, method There are nine HAAs commonly found in drinking water, includ-

detection limit; MQL, method quantification limit. ing monochloroacetic acid (MCAA), dichloroacetic acid (DCAA), tri-
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dibromoacetic acid (DBAA), tribromoacetic acid (TBAA), bromo-
chloroacetic acid (BCAA), dibromochloroacetic acid (DBCAA), and
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bromodichloroacetic acid (BDCAA) (Magnuson and Kelty, 2000).
The International Agency for Research on Cancer has categorized
TCAA as Group 3 (not classifiable as to its carcinogenicity in
humans) despite animal tests showing that TCAA and DCAA are
hepatotoxic and DCAA and DBAA adversely affecting male repro-
ductive function (Linder et al.,, 1994). Both TCAA and DCAA caused
substantial systematic organ toxicity, including liver and kidney
damage, in rats in a 13-week subchronic study (Mather et al.,
1990). In epidemiological studies, HAA exposure was significantly
correlated with an increased risk of bladder (Villanueva et al,,
2004) and colorectal cancers (Rahman et al., 2010).

Because of the suspected adverse health effects of HAAs, the
United States Environmental Protection Agency has regulated five
HAA species (HAAs = MCAA, DCAA, TCAA, MBAA, DBAA) to a max-
imum contaminant level (MCL) of 60 pg L™! based on a running
annual average (USEPA, 1999, 2001). The World Health Organiza-
tion (WHO) provides guidelines for the regulation of MCAA, DCAA
and TCAA of 20, 50, and 200 pg L7, respectively (World Health
Organization, 1993).

In Japan, sodium hypochlorite (NaOCl) is the most common pri-
mary disinfectant used in tap water treatment. Consequently, it is
expected that HAAs are ubiquitous in drinking water in Japan. The
Japanese Drinking Water Quality Standards for MCAA, DCAA, and
TCAA are 20, 40 and 200 pg L™}, respectively (Wakayama, 2003).
However, guidelines have not been established for other HAAs
and monitoring data are not available.

For chemical analysis of HAAs in tap water, derivatization with
diazomethane is commonly recommended as the standard meth-
odology in Japan. However, diazomethane is a carcinogenic alkylat-
ing agent and its use presents hazards to laboratory workers
(International Programme on Chemical Safety, 1995). Acidic meth-
anol esterification was introduced (Munch et al., 1995; Xie et al,,
1998; Nikolaou et al.,, 2002), and widely used in Asia, Europe and
North America. Even though methylester derivatives of TBAA,
DBCAA and BDCAA are prone to thermal decomposition and hydro-
lysis in the GC injection port (Munch et al,, 1995; Xie, 2001), the
method has been modified to improve methylation efficiency
(Domino et al., 2004; Xie et al.,, 2002, 1998).

Above method employs gas-chromatography/electron capture
detector (GC-ECD). Mass-spectrometry (MS) technique is another
method to detect target analytes qualitatively and quantitatively
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with fragment ions (Xie, 2001). Derivatization of HAAs to the
2,4-difluoroanilide with carbodiimide and GC-MS analysis has
been described (Alaee and Scott, 1998) and adopted for the deter-
mination of HAAs in water sample. However, with this derivatiza-
tion, recoveries tend to decrease with increasing concentrations
of the HAAs. Reports in the literature suggest that pentafluorob-
enzyl bromide (PFBBr) could increase the electron capture capa-
bility of the analyte (Galdiga and Greibrokk, 1998), and enhance
both the separation and detection of organic acids (Knapp,
1979). In addition, negative chemical ionization (NCI)-MS analysis
for pentafluorobenzyl (PFB)-ester derivatives can provide very
high sensitivities for HAAs analysis in biological samples (jia
et al., 2003).

The aim of the present study was to develop a safe, simple, and
sensitive quantification method, as an alternative to the diazo-
methane method to monitor HAAs in drinking water. Thus, in this
study we optimized PFBBr derivatization of HAAs and analyzed
them using NCI-MS. In paralle] with the newly developed method,
HAAs levels were monitored in 30 tap water samples obtained
from 15 cities in the Kansai region of Japan.

2. Materials and methods
2.1. Materials and reagents

Potassium carbonate and sodium chloride were obtained from
Nacalai Tesque (Kyoto, Japan). 2,3,4,5,6-Pentafluorobenzyl bro-
mide (PFBBr), 2,3-dibromopropionic acid (recovery surrogate),
methyl tert-butyl ether 5000 (MTBE, HPLC grade), 11H-eicosafluo-
roundecanoic acid (internal standard), and 1,4,7,10,13,16-hexaoxa-
cyclooctadecane were purchased from Wako Pure Chemical
Industries (Osaka, Japan). Halogenated Acetic Acid Standard Stock
Solution I was obtained from Kanto Chemicals (Tokyo, Japan). A
derivatization reagent (3% PFBBr) was prepared by dissolving 300
uL of PFBBr and 100 mg of 1,4,7,10,13,16-hexaoxacyclooctadecane
in 10 mL of MTBE.

All glassware was washed with detergent, rinsed with tap water
and then Milli-Q (MQ, Millipore, Billerica, MA) water, and oven
dried before use.

RNy

?

Fig. 1. Locations of water sampling sites in the Kansai region of Japan.
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Table 1
Summary of source water and water treatment method for the drinking water
supplies from 15 cities in Kansai, Japan.

Points  Source Treatment method
1 Lake Biwa Sodium hypochlorite, coagulation, sedimentation, sand
filtration
2-3  Uji River Ozone, coagulation, sedimentation, sand filtration,
activated carbon, post-chlorination
4-6 Katsura Sodium hypochlorite, coagulation, sedimentation, sand

River filtration
7 Kizu River  Sodium hypochlorite, coagulation, sedimentation, sand

filtration
8-9 Ground Sodium hypochlorite, coagulation, sedimentation, sand
water filtration
10-15 Yodo Ozone, coagulation, sedimentation, sand filtration,
River activated carbon, post-chlorination

2.2. Sampling

Tap water samples from Kyoto University were used for method
development. Thirty tap water samples were collected from one
city in Shiga Prefecture (Otsu; No. 1 in Fig. 1), six cities in Kyoto
Prefecture (Uji, Joyo, Nagaokakyo, Muko, Otokuni and Yawata;
Nos. 2-7 in Fig. 1) and eight cities in Osaka Prefecture (Ibaraki,
Takatsuki, Settsu, Mishima, Moriguchi, Kadoma, Neyagawa and
Hirakata; Nos. 8-15 in Fig. 1) in May 2013. The treatment pro-
cesses used in the cities are presented in Table 1. Ozone and biolog-
ical activated carbon were used in cities 2-3 and 10-15, while the
NaOCl method was used in other cities (Table 1).

A 500 mL sample of tap water was collected from each location
using a polypropylene disposable bottle that had been pre-rinsed
with methanol and MQ water.

To avoid formation of additional HAAs and prevent HAA biodeg-
radation, 100 mg L™! of ammonium chloride was added immedi-
ately after sample collection to quench residual chlorine (Pepich
et al., 2004). All the samples were stored at 4 °C and analyzed
within 14 days.

2.3. Extraction and derivatization of HAAs in tap water samples

An aliquot (80mL) of each water sample and 100 puL of
5 pg mL~! 2,3-dibromopropionic acid were placed in a 100 mL sep-
aration funnel. The solution was saturated with 1.0 g of sodium
chloride and acidified to pH 0.5 with 500 pL of hydrochloric acid.
Next, the HAAs were extracted by vigorous shaking with 8 mL of
MTBE for 3 min. The organic layer was collected in a distillation

flask and the aqueous layer was extracted again with 8 mL of MTBE
for 3 min. The organic layers were combined and concentrated to
100 pl on a rotary evaporator. The residue was transferred into a
screw cap vial, and 500 pL of the derivatization reagent (3% PFBBr)
and 3 mg of potassium carbonate were added. The mixture was
derivatized for 30 min at 60 °C in a forced convection oven. After
heating, sample vials were cooled on aluminum cooler blocks at
4 °C immediately.

2.4. Instrumental analysis

After adding 10 pL of 5ngpuL™' 11H-eicosafluoroundecanoic
acid as an internal standard, the derivatized samples were ana-
lyzed using gas chromatography-mass spectrometry (GC/MS) in
selected ion monitoring mode (Agilent 6890GC/5973 MSD inert,
Agilent Technologies Japan, Ltd., Tokyo, Japan). A 2 pL aliquot of
the solution was injected into the GC/MS. Pentafluorobenzyl esters
were separated on a HP-5MS column (30m x 0.25mm id.,
0.25 um film thickness; Agilent Technologies Japan, Ltd.) with
helium as the carrier gas (99.9999% purity; Air Liquide Japan Ltd.,
Tokyo, Japan). Splitless injections were performed with an inlet
temperature of 240 °C, and the split vent was opened after 1 min.
The oven temperature was initially held at 50 °C for 1.5 min, then
increased to 150°C at 20°Cmin~!, and then to 280°C at
30°C min~'. NCI was used to ionize the HAA pentafluorobenzyl
esters with methane (>99.9995% purity; Air Liquide Japan Ltd.) as
the reagent gas (2 mLmin~!). The ion source temperature was
maintained at 150°C. The target ions for determination of the
HAAs with NCI are summarized in Table 2.

2.5. Quality assurance, total extraction recovery, method detection
limit and optimization of derivatization

MQ water was used as the procedural blank control, and was
analyzed after every 10 samples (n=3). The procedural blank
was extracted using the process described in Section 2.3 and three
replicate procedural blanks were prepared independently. The
mean blank signal was subtracted from the calculated sample con-
centration only if the calculated sample concentration was three
times higher than the method quantification limit (MQL).

The recoveries of the HAAs were examined by spiking 40 ng of
each corresponding standard compound into an aliquot of MQ
(80 mL), followed by extraction.

The instrumental detection limit (IDL, ng) is defined as the mass
of the analyte producing a peak with a signal-to-noise ratio of

Table 2

Quality assurance for HAAs analyses in Milli-Q water.
Compound Quantification Instrumental detection limit®  Mean recovery % and (SD)" of the  Procedural blank (SD) MDL MQL

ions(confirmation ions) m/z (ng) (S/N=3) analytes, n=5 (ngL™"), n=3 (ngL™1Y  (ngL™')

TCAA 161 (163) 0.002 99 (12) 22 (6.1) 41 84
BDCAA 79 (81) 0.03 93 (11) ND 94 250
DBCAA 79 (81) 0.03 89 (14) ND 94 250
TBAA 79 (81) 0.03 91 (17) ND 94 250
DBAA 217 (219) 0.001 95 (14) 26 (7.0) 47 96
DCAA 127 (129) 0.001 94 (12) 20 (6.1) 38 81
BCAA 173 (171) 0.001 98 (11) 6(0.5) 8 11
MCAA 93 (95) 0.002 92 (13) 21 (7.4) 43 95
MBAA 137 (139) 0.001 97 (11) 16 (1.1) 20 27

SD: standard deviation; MDL: method detection limit; MQL: method quantification limit; ND: not detected.

2 2 ul injection; Instrumental detection limit (IDL) is defined as the mass of the analyte producing a peak with a signal-to-noise ratio of three.

b The recoveries of the HAAs were examined by spiking 40 ng of each corresponding standard compound into an aliquot of Milli-Q water (80 mL), followed by extraction.

¢ The values for MDL and MQL are given by the following equations. MDL = C + 35D and MQL = C + 10SD. Where C (ngL™") is the mean and SD (ng L™") is the standard
deviation of the seven blank measurements. Because no blank responses were observed for BDCAA, DBCAA, TBAA, the MDL was calculated from the IDL and the MQL was
calculated from the mass of the analyte producing a peak with a signal-to-noise ratio of 10.
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Fig. 2. Time course of the derivatization reaction of HAAs.

three. To estimate the method detection limit (MDL, ng L™!) and
MOQL (ngL™!), the following equations were used (American
Public Health Association, 2012):

MDL (ng L") = C + 35D, (1)

(@)

where C (ngL™!) is the mean of the blank measurements, and SD
(ng L") is the standard deviation of the seven blank measurements.
Because no blank responses were observed for BDCAA, DBCAA,
TBAA, the MDL was calculated from the IDL (signal-to-noise ratio
of three) and the MQL was calculated from the mass of the analyte
producing a peak with a signal-to-noise ratio of 10. The following
equation was used:

MQL (ng L™!) = C + 10SD.

MDL (ngL™") =IDL(ng)/2 (injectionvolume, uL)
% 500 (final sample volume, L) /0.08 (Initial sample volume,L).
3

In some earlier studies (Jia et al., 2003), the PFBBr derivatization
step for HAAs required 2 h. To examine the time course of HAAs
derivatization, a HAAs solution (1 pg in 200 pL) was derivatized
without heating or for 15 min, 30 min, 1h or 2 h on a reaction
heater.

2.6. Statistical analysis

Statistical analysis (Student’s t-test) was performed using SPSS
(version 16.0 for Windows 2007, IBM Corporation, Armonk, NY),
with p < 0.05 indicating statistical significance.

Concentrations lower than the MDL were given a value of half
the MDL for calculation. Concentrations higher than MDL and
lower than the MQL were assigned a value halfway between
MDL and MQL for the calculation.

3. Results and discussion
3.1. Derivatization

Analytes except for TCAA were reacted with PFBBr without
heating while heating was needed for derivatization of TCAA
(Fig. 2). Rapid reaction of PFBBr with carboxylic acid at room tem-
perature was reported previously (Michler et al., 1986). The results
at 30 min showed the highest responses for most of the target
compounds (DCAA, DBCAA, BCAA, DBAA, MBAA, MCAA) and the

second highest responses for TCAA and TBAA (Fig. 2). In addition,
the yields of the PFB-ester derivatives decreased with increasing
reaction time. This is because the unstable derivatives quickly
degrade by decarboxylation to PFB-ethane in time dependent reac-
tions (Jia et al., 2003). Therefore, a reaction time of 30 min was
used in subsequent derivatization reactions.

In GC-NCI-MS, the fragment ion [M-CH,CgFs]|™ for the MCAA,
DCAA, TCAA, MBAA, DBAA, BCAA PFB-esters was observed
(Fig. 3a-f). For BDCAA, DBCAA, and TBAA an abundant Br~ ion
was observed at m/z 79/81 (Fig. 3g-i), and the IDL ranged from
0.03-0.001 ng. Chromatograms from HAAs analyses are shown in
Fig. 3j.

3.2. Method validation

The final procedural blank levels ranged from 6 ng L' for BCAA
to 26 ng L™ for DBAA (Table 2). The MDL and MQL are summarized
in Table 2.

The mean recoveries for the spiked samples (n = 5, mean * SD%)
ranged from 89 + 14% for DBCAA to 99 + 12% for TCAA (Table 2).

Table 3 compares analytical methods for HAAs in tap water. In
the present study, the MDLs of the HAAs ranged from 0.02 to
0.05 g L™, which are comparable to USEPA Method 552.3 using
ECD (Domino et al., 2004)

3.3. Application of the developed method to tap water samples

HAAs levels in tap water samples from 15 cities in Japan were
quantified by this method. The concentrations of the HAAs were
in the range 0.54-7.83 ugL~! (Table 4). The concentrations of
HAAs in all of the drinking water samples met the drinking water
quality standards (Table 4).

DCAA, TCAA and BCAA were the major HAAs found in all of the
drinking water samples, and accounted for 29%, 20% and 19% of the
total HAAs, respectively. This is consistent with data reported by
Chang (Chang et al., 2010). This composition indicated that bro-
mide was present in water and forms bromine-containing HAAs.
By contrast, BDCAA, DBCAA and TBAA were hardly detected in
the water samples. Because MDLs for BDCAA, DBCAA and TBAA
were relatively high compared with other HAAs, absence of them
was not necessarily concluded. A study in Japan showed that levels
of BDCAA and DBCAA were comparable to that of BCAA (Kawamoto
and Makihata, 2004). Therefore, further investigation with large



