Environ Health Prev Med (2009) 14:7-19

PFOA and PFOS have been found globally in a variety
of living organisms, including humans and wildlife [6, 7].
Many studies have revealed that these compounds have
various toxicities toward living organisms, including
humans [8-11]. PFOS has been regulated at various levels
by governments, including those of the USA [12], Canada
[13], and the European Union (EU) [14]. In the Stockholm
Convention on Persistent Organic Pollutants (POPs), the
third meeting of the POPs review committee decided to
recommend PFOS for listing in Annex A or B of the
convention [4]. Following the restriction of PFOS mar-
keting in the EU, the issue of whether PFOA should be
included in Directive 76/769/EEC has been discussed. The
Environmental Protection Agency of the USA launched a
stewardship program, and manufacturers have committed
to reducing PFOA emissions [15].

Recent studies have revealed a unique situation in Japan,
namely that PFOA contamination has progressed more
profoundly than PFOS contamination [16, 17]. In agree-
ment with these observations, serum concentrations in
Japanese, albeit limited to subpopulations of Japan, are
reported to be higher than those in US populations, while
the opposite is true for PFOS [18, 19].

The present review has two main aims. First, we review
the environmental and biological monitoring of PFOS and
PFOA in Japan. Second, we characterize the toxicokinetics
of PFOS and PFOA. We have compared data obtained in
Japan with those obtained in other countries as required to
clarify the unique situation in Japan.

Distributions of PFOA and PFOS in the water
environment in Japan

Several studies have reported the concentrations of PFOA
and PFOS in surface water in Japan [17, 20-23], and the
data are summarized in Table 1.

The geometric mean concentrations of PFOA in five
regions were within the range of 1-3 ng/l, except for the
Kansai region. In the Kansai region, the PFOA concen-
trations in surface water were much higher than those in
other regions [17, 21]. A systematic investigation of the
Kanzaki River system by our group revealed that there is a
single source of PFOA within the Ai River [17], which was
confirmed by Nguyen et al. [21]. The concentrations of
PFOA in other countries are also shown in Table 1 [24—
27]. These values are relatively higher than the values in
Japan, excluding the Kansai region. Local intense con-
taminations were also observed in other countries, for
example, the Tennessee River near Decatur, the Ruhr
River, and Etobicoke Creek. The identified sources could
be related to fluorochemical manufacturers, sewage treat-
ment plant effluents, and fire-fighting foam [17, 24, 25].

@ Springer

The current surface water PFOS contaminations are
shown in Table 1. The PFOS concentrations in Japan were
relatively high in the Kanto and Kansai regions [17, 22].
Sewage treatment plant effluents exhibited high concen-
trations of PFOS as well as PFOA. High concentrations of
PFOS were found in wastewater around airports [17].
However, detailed information regarding the types of fire-
fighting foams used was not available.

The concentrations of PFOS and PFOA in drinking
water in Japan have been reported [28, 29]. The levels of
PFOA were extremely high in the Kansai region, especially
Osaka [28], where the water supply is mainly derived from
the Yodo River. On the other hand, the PFOS levels in tap
water were higher in the Kanto region than in other regions
[29]. It is therefore possible that the serum levels of these
compounds in residents may be proportional to the levels in
tap waters.

Distributions of PFOA and PFOS in outdoor air and
indoor dust in Japan

There are limited numbers of reports regarding airborne
and indoor levels of PFOA and PFOS. Harada et al. [30]
showed that the concentrations of PFOA detected within
urban atmospheric particles were 50-fold higher than those
of PFOS. The amounts of PFOA and PFOS in the respi-
rable fraction (1.1-11.4 um) ranged from 58.3 to 89.8% of
the total amounts [31]. The levels of PFOS and PFOA were
significantly higher in the urban atmosphere of Oyamazaki
than in the suburban atmospheres of Morioka and Fuku-
chiyama [30, 32]. Across Japan, there was a tendency for
PFOA to be the predominant contaminant of outdoor air,
particularly in Osaka [33]. Boulanger et al. [34] reported
that the mean concentration of PFOS in particulate-phase
air samples was 6.4 pg/m® (SD 3.3) in the Great Lakes. In
Manchester, PFOA and PFOS were both detected at rela-
tively high concentrations (341 and 46 pg/m’, respectively)
[35].

The concentrations in indoor dust in Japan ranged from
18 to 3,700 ng/g dust for PFOA and from 7 to 2,500 ng/g
dust for PFOS [36, 37]. Compared with outdoor dust, the
PFOS levels in indoor dust were comparable, but there are
few reports regarding the PFOA levels in indoor dust
(Table 2). A study in the USA reported that indoor dust
contained higher levels of PFOS than PFOA [38]. The
variations in the proportions of various fluorochemicals
may reflect the source signatures caused by the use of
different composites during the application or manufac-
turing process [39] (Table 3).

The sources of PFOA in the environment remain
unclear. However, degradation of fluorotelomer alcohols
(FTOHs) with atmospheric lifetimes of approximately
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Table 1 Levels of PFOA and

PFOS in water in Japan and Area n  PFOA (ng/l) PFOS (ng/!) Ref.
several other countries GM (GSD) Range GM (GSD) Range
River
Hokkaido 1 0.4 1.9 [17]
Tohoku 15 1127 0.142 1.2 (2.5) 0.34.6 [17]
Kanto 14 2.8 (3.6) 0.3-15.1 3.7 (3.9 03-314 [17]
Kanto (Tsurumi River) 10 11.2-19.8 17.1-612 [22]
Chubu 17 2522 0.3-16.3 1.1 (2.4) 0.3-6.0 [17]
Kansai 8 21.2(62) 2.1-4564 5.7 (3.6) 0.8-37.3 [17]
Kansai (Kanzaki River) 52 4.5-67,000 1.5-526 [171
Kansai (Yodo River) 33 60.5(4.0) 6-2568 7.1 (4.2) 0.8-123 [211
Chugoku 9 15023 0.5-8.1 1.0 3.4) 0.4-25.1 [17]
Shikoku 3.02.1) 1.4-13.8 1.1 @47 0.2-14.9 [17]
Kyushu 1.3 (24) 0.2-33 0.7 (1.9) 0.3-1.7 [17]
Coastal water
Hokkaido 1 1.9 2.1 [17]
Hokkaido 1 <2.5 [20]
Tohoku 2 20(1.1) 2.1-2.1 1.0 (1.9 0.6-0.9 (17}
Kanto (Funabashi) 1 322 2.6 [17]
Kanto 4 26 8-59 [20]
Kanto 3 166 (1.1) 154-192 20.1 (1.5)  12.7-254 [23]
Chubu (Toyohashi) 1 11.5 0.7 [17]
Kansai (Koshien Hama) 1 448 27.69 [n
Kansai 3 8.7 <4-21 [20]
Chugoku 4 <4 (171
Kyushu 5 4.8 <9-11 [201
Okinawa 4 <2.5 [20]
Tap water
Tohoku 15 03(2.3) 0.01-1.0 02 (1.7) 0.1-05 [17]
Kanto (Tokyo) 19 <5 <5-25 6.4 <5-37 [29]
Kansai 15 153(23) 49422 3.8 (3.6) 0.3-12.7 [17]
Kansai (Osaka) 14 31 7.9-110 38 0.3-20 [28]
River
Tennessee, USA 40 366 (1.5) 140-498 55.1(2.0) 16.8-144 [24]
Etobicoke Creek, Canada 13 11-1.1 x 10* ND-2.2 x 106 [25]
Cape Fear Drainage Basin, USA 80 16.2 <0.05-287 20.0 <0.05-132 [26]
GM geometric mean, GSD Rhine River, Germany 38 4.9 (2.9 2-48 6.5 (1.9) 2-26 [27]
geometric standard deviation, Ruhr River, Germany 22 102(5.0)  9-3640 117 27 4-193 27

ND not detected

10-20 days is speculated to be a source of PFOA [40].
FTOHs are currently produced and used as intermediates
for the synthesis of coatings, polymers, inks, adhesives,
waxes, and so on. Oono et al. [41, 42] reported that the
airborne levels of several FTOHs were significantly
higher in the Kyoto-Osaka area than in other areas. Taken
together, the higher levels of airborne PFOA in the
Kyoto-Osaka area may be caused by the high levels of
FTOHs in the air.

Levels of PFOA and PFOS in food and dietary intakes

PFOA and PFOS concentrations in food samples have been
reported for food duplicates [33, 43] and total diet studies
(TDSs) [44]. The estimated daily dietary intakes of PFOA
and PFOS were within the same ranges in Japan and other
countries. Although no geographical differences in the die-
tary intakes were obvious, the serum levels of PFOA were
higher in the Osaka area [33, 45]. A TDS in Canada showed
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Table 2 PFOA and PFOS levels in outdoor air and indoor dust in Japan and several other countries

Sampling site n Units PFOA PFOS Ref.
GM GSD Range GM GSD Range
Japan Oyamazaki Town (on a highway) 12 pg/m?® air 53 12 2.3-21.8 [32]
2001/April 2002/March
ng/g dust 974 12 38.0-427.4
12 pg/m®air 263 2.4 7189194 52 14 2.5-9.8 301
ng/g dust 3,413 24 469-9049 722 1.8 19.7-168.0
Fukuchiyama City (on a local road) 12 pg/m3 air 06 1.3 ND-2.1 [32]
2001/April 2002/March
ng/g dust 192 1.2 ND-60.6
Morioka City (on a local road) 2003/July 8 pgm’ar 2.0 1.2 1.6-2.6 07 14 0.5-1.2 [30]
Japan (20 sites) 2004 20 pg/m3 air 9.0 6.0-2500 1.8 <0.1-30 [33]
Indoor dust (general home) 16 ng/g dust 178 2.6 69.0-3700 395 39 11.0-2500 [37]
Indoor dust (0.075-1 mm) (general home) 20 ng/gdust 36.1 1.5 18-89 199 1.6 741 [36]
Other Lake Ontario (over a lake) 8 pg/m3 air 64 33 [34]
Manchester, UK 2003/July 2 pg/m3 air Mean 341 Mean 46 [35]
Indoor dust, Ohio and North Carolina 102 ng/g dust Median 142 <10-1960  Median 201 <8.9-12,100 [38]
(general home)
GM geometric mean, GSD geometric standard deviation, ND not detected
Table 3 PFOA and PFOS levels in food samples and their daily intakes
Sampling site n Units PFOA PFOS Ref.
GM GSD Range GM GSD Range
Ten sites in Japan 50  ng/g wet weight <0.01 <0.01-0.024 0.012 2.6 <0.0017-0.12 [33]
Osaka 10 ng/day 61.4 1.7 22.7-124 76.3 1.6 32.1-180 [45]
ng/g wet weight 0.022 1.7 0.008-0.040 0.027 1.5 0.015-0.057
Miyagi 10 ng/day 444 1.5 29.0-90.4 61.5 2.5 18.5-267 [45]
ng/g wet weight 0.019 1.3 0.012-0.031 0.026 23 0.008-0.087
Median Average Range Median Average Range
Canada ng/day 70 110 [44]
Germany 31 ng/day 169 91.9-839 90.4 47.7-371 [43]

GM geometric mean, GSD geometric standard deviation

that dietary intake of PFOS was mainly derived from beef
and fish, while PFOA originated from beef and microwave
popcorn [44]. Owing to PFOS bioaccumulation in the
environment, fish seem to represent important routes of
exposure [46]. In addition, several food packaging coatings
for oil- and moisture-resistance are made from fluoro-
chemicals that may degrade into PFOA and PFOS [47].

Estimated daily intakes of PFOA and PFOS in Japanese

Exposure levels to PFOA and PFOS have been estimated
using their concentrations in indoor dust, outdoor air, tap
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water, consumed items, and diet. It was estimated that the
adult intake of indoor dust is 50 mg/day [48], the adult
intake of tap water is 1.3 1/day, and adult humans inspire
133 m® of air/day; 69 and 74% of particles in air are
respirable for PFOA and PFOS, respectively, and PFOA
and PFOS in each medium are completely absorbed into
the body.

The estimated exposure through food was predominant
for both PFOA and PFOS (Table 4). Among the estimates,
exposure via food consumption was the major source,
followed by tap water and indoor dust. Exposure via tap
water was more intense in the Kansai region than in the
Tohoku region. Information regarding exposure levels via
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Table 4 Estimates of adult

exposures (ng/day) to PFOA Source Kansai Tohoku Notes Ref.
and PFOS PFOA PFOS PFOA PFOS
Water 19.9 4.9 0.4 03 Calculated from tap water [17]
concentrations (GM) for Kansai
and Tohoku
Indoor dust 8.9 2.0 8.9 2.0 Calculated from vacuum cleaner [37]
dust concentrations (median) for
Osaka
Ambient air 2.4 0.1 0.02 0.01 Calculated from airborne dust [301
concentrations (GM) for Kyoto
and Iwate
Food 61.4 76.3 44 4 61.5 Estimated from food duplicate [45]
concentrations (GM) for Osaka
and Miyagi
Total 92.6 83.3 53.7 63.8

GM geometric mean

indoor dust and food is still insufficient. Moreover, expo-
sure levels to precursors of PFOA and PFOS have not been
evaluated. Even if these estimates for PFOA and PFOS
exposure are uncertain, they play important roles in
allowing speculation for sources of exposure that may lead
to regional differences in serum levels.

Compared with intakes of these compounds, analyses of
24-h pooled urine from residents in Kyoto revealed levels
of 17.6 and 13.3 ng/day for PFOA and PFOS, respectively
[49]. Although fecal excretion of these chemicals remains
unclear, such limited excretion in urine was in clear con-
trast to the case for rodents and monkeys [49], suggesting
unique pharmacokinetic behaviors in humans.

Serum levels of PFOA and PFOS in Japanese

Figure 1 shows the serum concentrations of PFOA and
PFOS in Japanese [50]. There were significant geographical
differences in PFOA and PFOS serum concentrations for
both males and females. Residents belonging to the Kansai
region (Kyoto, Osaka, and Hyogo) exhibited significantly
higher serum PFOA levels. Serum PFOS levels in the
Kansai region were significantly higher than those in the
Tohoku and Chubu regions (Akita, Miyagi, Gifu, and Fukui)
and comparable to those in Yamaguchi, Kochi, and Oki-
nawa. The serum PFOS and PFOA levels in other countries
are shown in Fig. 1. The serum PFOS levels were higher in
the USA than in Japan and Europe, while the serum PFOA
levels were comparable among the USA, Europe, and Japan,
except for the Kansai region [19, 51, 52].

Several factors influencing the serum levels of these
compounds have been reported. Sex-related differences in
the serum concentrations of PFOS and PFOA were
observed and the concentrations of PFOS and PFOA
were higher in males than in females [49, 51, 52]. There

were positive correlations between age and PFOS and
PFOA levels only in females [49]. Multiparous women had
lower PFOS and PFOA levels than nulliparous women
[10]. With regard to ethnicities, Mexican Americans had
lower levels than non-Hispanic blacks and whites in the
USA. Higher education was associated with higher PFOS
and PFOA levels [53].

Time trends of the serum levels of these compounds have
been presented by several researchers (Fig. 2). Harada et al.
[18] revealed that the serum concentrations increased 3-fold
for PFOS and 14-fold for PFOA between 1977 and 2003 in
Yokote in Miyagi prefecture. The PFOA concentrations in
Kyoto increased by 4.4-fold from 1983 to 1999 [50]. In the
USA, the PFOS and PFOA concentrations increased
between 1974 and 1989, and reached plateau levels in 1989
[54]. In China, the serum levels of both PFOA and PFOS
have increased significantly over recent years and reached
the corresponding levels in Japan [55]. After 3M Company
phased out PFOA and PFOS production, decreases in the
PFOA and PFOS concentrations were observed in the USA
[56]. It should be confirmed whether similar decreases also
have been observed in other countries.

Toxicokinetics of PFOA and PFOS

A recent study revealed interspecies differences in the
pharmacokinetics of PFOA and PFOS. The mean serum
half-lives of PFOA and PFOS in humans were 3.5 and
5.4 years, respectively [57]. These long half-lives explain
why PFOA and PFOS tend to accumulate in humans. In
contrast, the half-lives in experimental animals were orders
of magnitudes shorter than those in humans. The serum
half-lives of PFOA in Wistar rats were reported to be
5.68 days for males and 0.08 days for females [58],
whereas those in primates were 5.6 days for males and
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Fig. 1 Human serum concentrations of PFOA and PFOS in Japan
and several other countries collected from 2000 to 2005. The data for
Tsukuba, Yokohama, and other sites in Japan are taken from Taniyasu
et al. [20] and Harada et al. [18, 50]. The data are geometric means
and geometric standard errors in Japan. For the USA and Sweden, the
data are geometric means reported by Olsen et al. [19] and Kérrman
et al. [52], respectively. For Germany, the data are medians reported
by Fromme et al. [51]

2.7 days for females in Japanese macaques, and approxi-
mately 1 month for both sexes in cynomolgus monkeys
[59, 60]. The serum half-lives of PFOS were longer than
those of PFOA, comprising more than 89 days in male
CR:CD rats [61], and approximately 100 days in both male
and female cynomolgus monkeys [62].

In Cr:CD rats, intravenously administered PFOA and
PFOS were excreted via the urine (67 and 18%, respec-
tively) and feces (4.4 and 8.0%, respectively) [63, 64].
However, the serum clearances of PFOA via urine in
humans were 300-1,000-fold lower than those in Wistar
rats and Japanese macaques (Table 5) [49]. A critical role
of the resorption process was supposed as a determinant for
the large species differences in renal excretion of PFOA
[65]. Several organic anion transporters (OATs) have been
investigated. Nakagawa et al. [66] found that OATI1
(S1c22a6) and OAT3 (Slc22a8) mediated transport of
PFOA in both humans and rats, while OAT2 (Slc22a7) did
not. Rat Oatpl (Slc21al) had transport activity for PFOA,
which may be involved in the resorption process and cause
sex-related differences in rats, although no human ortholog
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Fig. 2 Time trends in PFOA and PFOS serum levels in Japan [18,
50] and the USA [54]. Data are geometric means and geometric
standard errors

for rat Oatpl exists [67]. There have been few studies
regarding the species difference in urinary excretion of
these compounds, and further studies are warranted in this
area.

Biliary excretion of PFOA and PFOS has emerged as a
major elimination route in humans owing to the poor uri-
nary excretion. PFOA and PFOS were detected in human
bile samples at similarly high levels to those detected in
serum samples [68]. The ratio of PFOS concentrations
(bile/serum: 0.60) was significantly higher than that for
PFOA concentrations (bile/serum: 0.21). The biliary
excretion rates of PFOA and PFOS in humans were esti-
mated to be 1.06 and 2.98 ml/(kg day), respectively
(Table 5). Although elimination of PFOA and PFOS in
feces remains unexplored, available evidence in rats sug-
gests that trace amounts were excreted via this route owing
to enterohepatic circulation of these chemicals [63]. Such
enterohepatic circulation of PFOS and PFOA may account
for their long half-lives in humans.

PFOS and PFOA have been detected in cerebrospinal
fluid (CSF) in humans [68]. The PFOA and PFOS levels in
CSF were approximately 1% of the corresponding levels in
serum, suggesting that PFOA and PFOS cannot freely pass
through the blood-brain barrier. The reported brain-to-
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Table 5 Estimated clearances of PFOA and PFOS in rats, monkeys, and humans

Serum half-life

Total clearance

Urinary excretion

Biliary excretion

Menstrual bleeding

(days) [ml/(day kg)]  [ml/(day kg)] (ml/(day kg)] [ml/(day kg)]

PFOA  Wistar rats® Male 5.63 50.4 46.1 3.30 NA
Female 0.08 2233 1054 3.52 NA
Cynomolgus monkeys.b Male 20.9 6.0 NA NA NA
Female 32.6 42 NA NA NA
Japanese macaques® Male 5.6 37.1 15 NA NA
Female 2.7 77.0 32 NA NA

Humans? 1387 0.070 0.030 1.06 0.0288
PFOS  CR:CD rats® Male >89 NA NA NA NA
Cynomolgus mcmkeysf Male 132 NA NA NA NA
Female 110 NA NA NA NA

Humans® 1971 0.077 0.015 2.98 0.0288

NA not available

2 Half-lives, total clearance, and urinary excretion were reported by Kudo et al. [58]. Biliary excretion was estimated from a report by Vanden

Heuvel et al. [64]

® Half-lives in an intravenous study were reported by Butenhoff et al. [60]. Total clearances were calculated based on volume distributions of

181 and 198 ml/kg for males and females, respectively

¢ Half-lives and renal clearance were reported by Kudo and Kawashima [59]. Total clearances were calculated based on a volume distribution of

300 ml/kg

4 Half-lives in retired workers were reported by Olsen et al. [57]. Urinary and biliary excretions were reported by Harada et al. [49, 68]. Total
clearance was calculated based on volume distributions of 220 ml/kg for PFOS and 140 ml/kg for PFOA [65]

¢ Cited from an intravenous study by Gibson and Johnson [61]
T Cited from a report by Noker and Gorman [62]
& Menstrual serum loss was assumed to be 42 ml/month

blood ratios of 0.17 for PFOA and 0.26 for PFOS in
cadavers were consistent with low partition to CSF [69].
However, the occurrence of these chemicals in CSF raises
concerns that the central nervous system may be one of the
target organs of PFOA and PFOS toxicities.

Sex-related differences in elimination

The sex-related differences in the renal clearances of
PFOA in rats suggest that hormone-regulated elimination is
probably involved to a certain extent in this species [58].
The expressions of OATSs are known to be regulated by sex
steroids and/or growth hormones in rodents, but not in
humans [70].

Sex-related differences in the serum levels of these
compounds were reported in humans, but there was no
difference in renal clearance between males and females
[49]. The observed difference may be explained by female-
specific excretion routes, such as menstrual blood loss,
lactation, and direct maternal-fetal transfer. Menopausal
females had significantly higher serum concentrations than
menstrual females in a 20-50-year age group [49]. With
regard to excretion through lactation, PFOS and PFOA
were detected in breast milk samples [71]. The mean ratios

between the milk and serum concentrations were 0.01:1 for
PFOS and 0.02:1 for PFOA, resulting in clearances of 6—
12 ml/day. Decreases in the concentrations of PFOS and
PFOA were reported between the first and second trimes-
ters [8]. Several researchers have reported the
concentrations of PFOA and PFOS in maternal and fetal
cord serum samples [72]. In addition, PFOS and PFOA
concentrations decreased with increased parity of mothers
[10], implying that maternal-fetal transfer may reduce the
maternal stores. Moreover, it is possible that hormonal
changes in body composition or alterations of protein-
binding affinity may affect the distribution and elimination
of PFOS and PFOA (73, 74].

Toxicology of PFOA and PFOS
Epidemiological studies

There have been a number of reports on the health effects
of PFOA and PFOS (Table 6). One epidemiological study
conducted by 3M Company suggested an increase in
prostate cancer mortality among workers exposed to PFOA
[11]. Another study conducted by 3M Company revealed
an increased mortality from bladder cancer among workers
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Table 6 Epidemiology and in vivo toxicities of PFOA and PFOS

Species

Humans

Monkeys

Rodents

PFOA

Carcinogenicity

Hepatotoxicities

Developmental toxicities

Behavioral and neurotoxicities

Other

PFOS
Carcinogenicity

Hepatotoxicities

Developmental toxicities

Behavioral and neurotoxicities

Prostate cancer mortality [11]

Slight increases in total cholesterol, low-
density lipoprotein, very low-density
lipoprotein, gamma glutamyl
aminotransferase, and aspartate
aminotransferase [77]

Decreased birth weight [8, 10]

Higher prevalence of angina, myocardial
infarction, stroke, chronic bronchitis,
shortness of breath on stairs, asthma
[78]

Bladder cancer mortality [9]

Possible increase in cholesterol, decrease
in high-density cholesterol, initial
decrease and subsequent increase in
total bilirubin [76]

Decreased birth weight, ponderal index,
and head circumference [10]

Hepatomegaly accompanied by
mitochondrial proliferation, no
peroxisome proliferation {85]

Decreases in food consumption and body
weight [85]

Decreased body weights, increased liver
weights, lowered serum total
cholesterol levels, lowered estradiol
levels, no peroxisome proliferation [86]

Decreases in food consumption [86]

Liver tumors, pancreatic acinar cell
tumors, Leydig cell tumors [79]

Peroxisome proliferation, increased
hepatocyte hypertrophy, increased
labeling index [83]

Early pregnancy loss, increased neonatal
mortality, delayed eye opening, growth
deficits, altered pubertal maturation
[87,91]

Decreased food intake, reduced
habituation and hyperactivity,
hypoactive response to nicotine
[94, 96]

Hepatocellular adenoma, thyroid
follicular cell adenoma [80]

Peroxisome proliferation, mild increase in
hepatic palmitoyl CoA oxidase [80]

Increased relative liver weight of pups,
delayed eye opening, neonatal death
due to intracranial blood vessel
dilatation and lung atelectasis,
decreased natural killer cell function in
male pups [88-90]

Decreased food intake [95], reduced
habituation and hyperactivity,
hypoactive response to nicotine [96]
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exposed to PFOS [9]. Hepatic, lipid, and thyroid parame-
ters, which are known toxicological effects in rodents,
showed inconsistent associations with serum levels of
PFOS and PFOA in fluorochemical workers [75-77].
Besides hepatotoxicity, higher prevalences of cardiovas-
cular and respiratory diseases were reported in plaintiffs or
potential plaintiffs in a lawsuit, which might be biased [78].
Two epidemiological studies in the USA and Denmark
showed an inverse correlation between PFC concentrations
(cord or maternal blood) and birth weight [8, 10]. In the
populations examined in these studies, the PFC levels were
much lower than those in animal experiments, which may
suggest species differences in susceptibility to PFCs.

Hepatotoxicity and molecular targets of PFOA and
PFOS

Although these chemicals were found to be carcinogens for
rodents [79, 80], they were not genotoxic in umu tests [81].
It should be further investigated whether the hepatocar-
cinogenic potencies are in proportion to the degrees of
induction of peroxisome proliferator-activated receptor-
alpha (PPARa), to which these chemicals bind as ligands
[82]. In PPAR-null mice, hepatomegaly induced by PFOA
was still observed, suggesting that another mode of action
exists [83], such as constitutive activated/androstane
receptor actions [84].

The expression and activation of PPAR« differ between
humans and rodents. In monkeys, PFOA and PFOS caused
hepatomegaly, but did not lead to peroxisome proliferation
[85, 86]. Therefore, results generated in rodents cannot be
simply extrapolated to humans. In addition, a number of
studies have revealed that the toxicological target organs of
PFOS and PFOA may differ between humans and rodents,
such as developmental toxicities in humans and carcino-
genicity and liver toxicity in rodents.

Developmental toxicity

The reproductive and developmental toxicities of these
chemicals toward humans are of particular concern [87].
Prenatal as well as postnatal toxicities of PFOA and PFOS
were observed in rats and mice, including increased liver
weights, growth lags, delayed development, and sup-
pressed immune functions [88-90]. PFOA had significant
effects on fetal growth and development in males, but
much lesser effects in females. The difference in sensitivity
was presumed to be due to the sex-related difference in
PFOA elimination. Some developmental toxicities of
PFOA, such as delayed eye opening and deficits in post-
natal weight gain, were diminished in PPARa-null mice
[91], whereas PFOS-induced neonatal lethality and delayed
eye opening are not dependent on PPAR«x [92].

Neurotoxicity

PFOS may have effects on the neuroendocrine system in
rats and mice. Increased corticosterone concentrations in
serum and norepinephrine in the hypothalamus were
induced by PFOS in mice, indicating that PFOS stimulates
the stress axis [93]. Observed decreases in food intake
caused by PFOA and PFOS were mediated via the acti-
vation of hypothalamic urocortin 1 and 2, respectively [94,
95]. PFOS exposure also induced behavioral effects in
mice, such as anxiety and spatial memory loss [96]. These
observations suggested neurotoxic effects of PFOA and
PFOS, although the target molecules in the central nervous
system remain unclear.

PFOS and PFOA were reported to exhibit electrophys-
iological effects on action potentiéls and currents in
isolated guinea-pig ventricular myocytes, cerebellar Pur-
kinje cells, and protozoa [97-99]. In addition to excitable
cells, PFOS activated voltage-dependent Ca®* channels
(VDCCs) and increased intracellular Ca”* concentrations
in non-excitable tracheal cells [100]. PFOS also inhibited
neurite growth and suppressed synaptogenesis in cultured
hippocampal neurons through VDCCs [101]. The mecha-
nisms of these effects are hypothesized to involve
incorporation of PFOS and PFOA into the outer cell
membrane, which would decrease the steepness of the
transmembrane potential gradient and result in hyperpo-
larizing shifts of both the activation and inactivation of
voltage-gated ionic channels.

Conclusions

Perfluorooctanoic acid (PFOA), perfluorooctane sulfonate
(PFOS), and related compounds have been used for many
applications. The chemical stability of perfluorinated alkyl
chains results in their persistence in the environment and
organisms.

These compounds have been detected in various areas
of Japan. In the Kansai region, environmental contami-
nation by PFOA and related compounds was more intense
than in other regions. Serum PFOA levels have been
increasing insidiously throughout the last 20 years in
Kyoto residents, and also in northern Japan. The geo-
graphic heterogeneity in the exposure intensities of PFOS
and PFOA is likely, at least in part, to be associated with
industrial activities. Although the estimated daily intakes
of PFOS and PFOA remain somewhat uncertain, intake
from drinking water is considered to represent a major
component and could explain the regional differences in
Japan. If this is indeed the case, identification of the
sources and appropriate control of the release of PFCs
urgently require discussion.
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There are large interspecies differences in the toxic-
okinetics of these compounds. In particular, their poor
renal clearances and long half-lives in humans suggest
uncertainty regarding exposure assessment and extrapola-
tion of test dosages. These qualitative differences may
involve transporters in various organs.

The toxicological susceptibilities of humans to PFCs
may also be higher than those of rodents. Epidemiological
studies on birth weight in the general population revealed
inverse correlations with PFOA and PFOS levels, which
were 100-1,000-fold less than those in animal experiments.
Although human PPAR« has relatively low activity in
comparison to rodent PPARw, other molecular targets of
PFOS and PFOA may exist.

PFOA and PFOS are now under control and regulation
in various countries. Monitoring of these compounds
should be continued to evaluate measurements of PFCs. In
closing, there are growing concerns regarding the devel-
opmental toxicities of these compounds toward human
fetuses, particularly in the Kansai region. Further studies
regarding the issue of whether adverse developmental
effects occur are urgently required.
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Human breast milk samples collected in 2007-2008 from four countries, Vietnam (Hanoi), China (Beijing),
Korea (Seoul) and Japan (Sendai, Kyoto and Takayama), were analyzed for persistent organic pollutants
(POPs) such as dichlorodiphenyltrichloroethane and its metabolites (DDTs), chlordane-related compounds
(CHLs), hexachlorocyclohexanes (HCHs), hexachlorobenzene (HCB), polychlorinated biphenyls (PCBs) and
polybrominated diphenyl ethers (PBDEs). Comparing with previous surveys, the present study indicates that
the DDTs in breast milk from China and Vietnam had gradually decreased during the last decade, but were
still 5-10 times higher than those in other nations. The ratios of p,p’-DDE/p,p’-DDT and o,p’-DDT/p,p’-DDT
were higher in Beijing than in the other countries, suggesting that there is less fresh intake of commercial
DDT products and a possible exposure to dicofol in China. CHL and PCB levels were relatively higher
in mothers from Japan, whereas f-HCH and HCB were more common in Chinese women. In Japan, it is
suspected that mothers in the urban/coastal area (Sendai) were more continuously exposed to organo-
chlorine pesticides (OCPs) than mothers in the rural/inland area (Takayama). In addition, OCP levels in
primiparae were significantly higher than those in multiparae from Japan and Korea. These indicate that both
parity and regional factors are major determinants of the levels of OCPs and PCBs in human milk. On the
other hand, higher concentrations of PBDEs were observed in mothers' milk from Korea. The congener was
dominated by BDE-47 (43-54%), followed by BDE-153 (23-33%) in all regions except for Beijing where BDE-
28 (23%) was relatively abundant. In Japanese breast milk, regional and parity-dependent distributions were
not observed for PBDEs. Among PBDE congeners, age-dependency was observed for BDE-153, which was
negatively correlated (p<0.05) to the age of mothers in Kyoto (17 participants were housewives), while it
increased with age in Sendai (10 participants were clerks). No such correlation was seen for BDE-47,
indicating that BDE-47 was ingested and assimilated via different kinetics or routes from BDE-153 in Japan.

© 2009 Elsevier Ltd. All rights reserved.
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1. Introduction

Environmental contamination by synthetic halogenated compounds,
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transport, and long-term adverse effects on humans, animals and the
environment. Most of the developed nations have already banned or
restricted the production and usage of persistent organic pollutants
(POPs) such as dichlorodiphenyltrichloroethane and its metabolites
(DDTs), chlordane-related compounds (CHLs), hexachlorocyclohexanes
(HCHs), hexachlorobenzene (HCB) and polychlorinated biphenyls
(PCBs). However, recent studies in East-Asian countries have reported
elevated concentrations of OCPs in various environmental media,
suggesting that some of these OCPs are still being used (Wong et al,
2005). In Japan, although ban on the usage of CHLs was enforced in 1986,
no reduction of CHLs was observed until 1998 (Konishi et al,, 2001). In
China, DDTs, HCHs and HCB decreased until 2000, but their levels in
human milk appear to be still the highest among Asian nations (Kunisue
et al., 2004; Wong et al,, 2002). In Vietnam and Korea, there is little
information on the current contamination trend of OCPs. Overall, it is
likely that humans in Asian countries may still be exposed to relatively
high levels of POPs, implying that the infants are continuously exposed
to OCPs and PCBs via lactation (Wong et al., 2005).

Polybrominated diphenyl ethers (PBDEs) are flame retardants
which are used as additives in polymeric materials for ensuring the
fire safety of furniture, textiles and electronics. Due to their similar
lipophilicity to PCBs, PBDEs have been detected in milk, serum and
adipose tissue of humans from different countries throughout the
world (Akutsu et al,, 2003; Choi et al., 2003; Kalantzi et al., 2004;
Koizumi et al., 2005; Inoue et al., 2006; She et al., 2007). Although the
levels of PCBs have decreased in industrialized countries over the
decades, PBDEs appear to be increasing or remaining at higher levels
in North America (Johnson-Restrepo et al,, 2007). In Asia, although
several studies have shown that the levels of PBDEs in breast milk are
still lower than those from Europe and USA, the source of PBDEs has
changed during the last decade, depending on domestic demands
(Choi et al,, 2003; Watanabe and Sakai, 2003; Wang et al., 2008).
PBDEs may enter humans through the food chain (Ohta et al., 2002;
Wada et al., 2005), by ingestion of dust (Wu et al., 2007; Sjodin et al.,
2008), by inhalation of some BDE congeners at home or at a job in the
electronics and computer industries (Sjédin et al., 2001). Like PCBs,
PBDEs are transferred via the placenta and breast milk from the
mother to the offspring in humans (Guvenius et al., 2003; Kawashiro
et al., 2008). The available data suggest that some of these congeners
are potential thyroid disruptors (Meerts et al., 2000) and develop-
mental neurotoxins (Costa and Giordano, 2007). Therefore, the pres-
ence of PBDEs in humans is of great concern to the healthy growth of
fetuses and infants. ,

The present study was designed to compare differences in the
concentrations of DDTs, CHLs, HCHs, HCB, PCBs and PBDEs in human
milk samples among four Asian countries (Vietnam, China, Korea and
Japan) as well as among three regions in Japan: an urban/coastal area
(Sendai), an urban/inland area (Kyoto) and a rural/inland area
(Takayama) (Fig. 1). One of the purposes of this study was to evaluate
the regional trends and sources of POPs in human breast milk from
four Asian countries as compared with the previous data from the
other countries/regions. The other purpose of this study was to assess
the relationships between POP contaminant levels and the parity/age
of mothers from respective countries or regions.

2. Materials and methods
2.1. Sample collection

Human milk was obtained from the Kyoto University Human
Specimen Bank (Koizumi et al,, 2005). A total of 134 human milk
samples were collected in 2007-2008 from volunteers living
in Vietnam (n=20, Hanoi in Nov. 2007), China (n=25, Beijjing in
Dec. 2007), Korea (n=29, Seoul in Oct. 2007), and Japan (n=20,
Sendai in Sept. 2007; n=20, Kyoto from Dec. 2007 to Apr. 2008 and
n=20, Takayama from Sept. to Nov. 2007). Milk samples were

akayama|

Fig. 1. Map of sampling locations.

collected manually during breast-feeding, 4-8 weeks after childbirth,
either by the subjects themselves or with the assistance of midwives.
The target volume was at least 10 mL from each mother during one
sampling. The breast milk was kept frozen (—20°C) in 15mL
polypropylene conical tubes. Five empty tubes were prepared for
field blanks, and 10 distilled water tubes were prepared for
operational blanks and tested for possible contamination. The Ethics
Committee of Kyoto University approved the present study and
appropriate written informed consent was obtained from all
participants.

2.2. Chemicals

Two internal standards, C,-labelled 2,3,4,5,6,3',4',5'-octachlor-
obiphenyl (CB-205, AccuStandard, Inc.,, CA, USA) and 4’-methoxy-
3',5',2,4,6-pentachlorodiphenyl ether (4’-Me0O-BDE121, donated by
Dr. G. Marsh from Stockholm University) were used for the deter-
mination of OCPs and PBDEs. The analytes investigated were p,p’-
dichlorodiphenyldichloroethylene (p,p’-DDE), p,p’-dichlorodiphenyl-
dichloroethane (p,p’-DDD), o,p’-dichlorodiphenyltrichloroethane
(0,p’-DDT), p,p’-dichlorodiphenyltrichloroethane (p,p’-DDT), oxy-
chlordane, trans-nonachlor, cis-nonachlor, hexachlorocyclohexanes
(-, B~ and y-HCHs), and hexachlorobenzene (HCB). Persistent
pesticide calibration solution (ES-5019, Cambridge Isotope Labora-
tories, Inc.,, MA, USA) was used for four point calibration and
determination of OCPs. For determination of PCBs, a standard PCB
mixture (C-SCA-06, AccuStandard, Inc., CT, USA) was used for iden-
tification, and 15 selected isomers were quantified. For the deter-
mination of PBDEs, native BDE-28, BDE-47, BDE-99, BDE-100, BDE-
153, BDE-154 and BDE-187 (Wellington Laboratories, Inc., ON,
Canada) were used as external standards. All solvents used were
of pesticide grade quality.

2.3. Clean up procedure

Before extraction, a milk sample (10 mL) was fortified with two
internal standards, '*C-labelled CB-205 (2 ng) and 4'-MeO-BDE121
(0.2 ng). We extracted human milk (10 mL) twice using 15 mL of
n-hexane, after adding 5 mL of 2% calcium oxalate solution, and
10 mL of ethanol and diethylether (1:1). The extract was washed
with water and dried over sodium sulfate. After solvent evapora-
tion, gravimetric lipid determination was performed. An aliquot of
lipids (200-300 mg) was dissolved in n-hexane:dichloromethane
(1:1) and subjected to gel permeation chromatography (400 x45 mm,
id, Bio-Beads S-X3, Bio-Rad Laboratories, CA, USA). Eluate containing
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Table 1
GC/MS conditions and selected ions (m/z) for determination of POPs.

¢ Confirmation ion.

lipophilic organohalogens was concentrated to dryness and dissolved
in n-hexane (1mL). The extract was then purified by silica gel
chromatography (1 g, Wako gel S-1, Wako Pure Chemical Industries,
Ltd., Osaka, Japan), by eluting with 15 mL of n-hexane:dichloromethane
(88:12 v/v). This fraction was concentrated to 200 pL prior to gas
chromatography-mass spectrometry (GC-MS) analysis.

2.4. Instruments and quantification

GC-MS analyses of the samples and reference standards were
performed on an Agilent GC/MSD 5973i (Agilent technologies, CA,
USA) equipped with a 6890 N gas chromatograph. GC/MS conditions
and target ions for the determination of POPs are summarized in
Table 1. DDTs, CHLs, HCHs, HCB and PCBs were analyzed by electron
ionization (EI) mode, whereas PBDEs were analyzed by scanning for
the negative bromine ion (isotopes m/z 79 and 81) formed by electron
capture reactions at chemical ionization (ECNI) with methane as the
reagent gas. All analytes were quantified by comparing the peak area
of the particular compound in the sample extracts to that of the
internal standard (*3C;,-labelled CB-205 for OCPs and PCBs; 4/-MeO-
BDE121 for PBDEs).

2.5. Quality control

For quality assurance and control, a standard reference material
(cod liver oil, NIST, SRM 1588b) was analyzed for selected OCPs, PCBs
and PBDEs. Data from our laboratory were in good agreement with the
certified values (range; 5.5-9.2% relative standard deviation, n=38)
for POPs. Therefore, no correction was made for the determinations.
Quantification was done only if the sample level was at least twice
the blank level. The limits of quantification (LOQ) for all target

Table 2

compounds were between 0.1 and 2.5 ng/g lipid. Procedural blanks
processed in paralle] to every batch of ten samples were negligible.
The samples were kept in the dark during the extraction.

2.6. Statistic analysis

Statistical treatment of the obtained results was performed using the
SPSS software (SPSS, version 14.0 for windows 2001, SPSS, Inc., IL, USA).
The Mann-Whitney U-test was used to examine differences in POP
concentrations between subjects grouped by parity. Spearman’s rank
correlation coefficient was used to measure the strength of the asso-
ciation between the mother’s ages and POP concentrations. Probability
values less than 0.05 were considered as statistically significant.

3. Results and discussion
3.1. Contamination trend

Age, occupation of the mothers and lipid contents of milk samples are listed in
Table 2. The participants were on average about 4 years older in Japan and Korea
(31 years old each) than in China and Vietnam (27 years old each). Lipid contents
ranged from 3.1 to 4.5% and no regional differences were observed. Table 3 shows
the lipid-normalized mean concentrations (ng/g lipid) of DDTs (4 congeners), CHLs
(3 congeners), B-HCH and HCB, PCBs (2 congeners) and PBDEs (6 congeners) in
mother's milk from six regions in four countries.

3.1.1. DDTs

The mean concentrations of DDTs were 1300 ng/g lipid (n=25) in China and
1200 ng/g lipid (n= 20) in Vietnam, both of which were 5 to 7 times higher than values
in Korea (180 ng/g lipid) and Japan (170 ng/g lipid). DDT composition was dominated
by p.p’-DDE (94-96%), followed by p,p’-DDT (3-5%), and p,p’-DDD (1-2%) in most
cases, The levels of p,p’-DDD were the highest in mothers from Hanoi, whereas the
levels of o,p’-DDT were the highest in mothers from Beijing. Thus the ratios of p,p’~
DDE/p,p’-DDT and o,p’-DDT/p,p’-DDT were significantly higher in Beijing than in the
other regions (Table 3).

In China, DDT levels in breast milk had drastically declined from 7700 to 2000 ng/g
lipid during the period 1983-1998 (Yu et al., 2006). The present data indicate that DDTs
in mothers from Beljing have been gradually decreasing since 1998, but the levels were
still 5-10 times higher than those from the developed nations (Table 4). We are aware
that variation of DDT levels in human milk is large in China depending on whether it
comes from an urban, rural, inland or coastal area (Wong et al., 2002; Kunisue et al.,
2004) while possibly reflecting the historical or current use of DDTs. In particular,
notably higher concentrations of DDTs have been observed in mothers from Guangzhou,
Hong Kong, Dalian and Beijing (Table 4). In Vietnam, from the 2000 survey, DDT levels
were reported to be 2100 ng/g lipid (n==42) (Minh et al, 2004). The present study
showed that the mean concentration of DDTs in mothers from Hanoi has decreased by
approximately half in the last eight years similar to the case observed for mothers from
Beijing. However, considering the half-lives (5-10 years) of DDTs in humans (Nakata et al.,
2005), the technical product may have continued until recently for agricultural purposes
and vector-borne disease eradication programs (Wong et al, 2005). In Korea and Japan,
there was no temporal change in DDT levels during the last decade (Konishi et al,, 2001;
Kunisue et al., 2006), but regional variation was found (p<0.05) between the coastal/
urban city (Sendai) and the inland/rural city (Takayama) {Table 3). In mothers' milk from
Seoul (urban), the levels were similar to those in Sendai (urban), and comparable to other
reports from urban cities from Taiwan (Chao et al., 2006) and the UK (Kalantzi et al,, 2004).

The concentration ratio of p,p’-DDE/p,p’-DDT is usually used as an indicator for the
resident time of p,p’-DDT in the environment. The lower the ratio is, the more recent
the exposure to the parent DDT (Wong et al., 2005). In the present study, the ratios in
Beijing were higher than the ratios from the other regions, while the ratios in Korea
were relatively low (Table 3). The high ratios and high p,p’-DDE levels may imply the
historical application of technical DDTs in China. Alternatively, the elevated DDE levels

Information on age, occupation of participants and lipid contents of milk samples from six regions.
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Table 3

Concentrations (ng/g lipid) of major POP congeners in human breast milk from four countries/regions.

Congener:

'J;p - —

- Sendai (n=2

0

CB-153/BDE-153 140
BDE-47/BDE-153 .

250 (60-960)

-1200)
18 (64-31)
10 (34-20)

The asterisk represents the significant difference from the other countries (*p<0.05, **p<0.01).

The concentration below the detection limit was treated as zero for the arithmetic mean.

in Chinese milk may be attributed to contamination by dicofol products. Even after the
ban of technical DDTs in 1983, DDTs are still being produced in China for use in malaria
control and are also present in dicofol, which contains 3-7% DDT as impurities (Qiu
et al., 2004, 2005). When compared, the ratios of o,p’-DDT/p,p’-DDT in human milk
were on average 0.28 in Chinese women, whereas they were less than 0.1 in Vietnamese
women (Table 3). The significant difference in ratios may be explained by the fact that
Chinese women were exposed to dicofol that contains higher levels of 0,p’-DDT (Qiu
et al., 2004; Li et al., 2006), whereas Vietnamese women were exposed to higher levels
of p,p’-DDT by technical DDT and/or its historical accumulation. The source of DDT

Table 4

contamination in Japanese and Korean populations may be partly due to dicofol, since
the ratios of o,p’-DDT/p,p’-DDT are higher than the ratios found in Hanoi. Furthermore,
in areas with intensive use of dicofol containing high DDT concentrations, it has been
suggested that p,p’-DDE in the air or other media originated not only from the
degradation of p,p’-DDT but also from the degradation of a-chloro-DDT (p,p’-Cl-DDT),
an intermediate (impurity) in dicofol manufacture and during GC analysis (Qiu et al.,
2004). We suspect that these findings may cause an overestimation of the p,p’-DDE
concentrations in breast milk, but we could not conclude the possible source of p,p’-
DDE contamination in human milk without further investigation.

Comparison of mean concentrations (ng/g lipid) of OCPs and PCBs in breast milk from different countries or regions.

Country

Japan -

Vietnam

o I‘.ancas‘tler/ilbi'jdohj

? The figures in parentheses represent the number of primiparae.
® Median.
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3.1.2. CHLs

CHLs were relatively abundant (31 ng/g lipid) in Japanese breast milk compared
with mothers' milk from the other countries, where the levels were 14 ng/g lipid in
Seoul, 3.8 ng/g lipid in Beijing and 0.75 ng/g lipid in Hanoi (Table 3). CHL composition
was dominated by trans-nonachlor, followed by oxychlordane or cis-nonachlor in most
cases. High percentages of oxychlordane (36% of ZCHL) were found in the milk from
Korea. In Japan, the use of CHLs rapidly increased during the 1980s, and then its use was
prohibited in 1986. Based on the results from a survey during 1986-1998, CHL levels in
breast milk slightly decreased from 110 to 85 ng/g lipid in the Osaka area (Konishi et al.,
2001) and to 80 ng/g lipid during 2001-2004 in the Fukuoka area (Kunisue et al,
2006). The present study indicated a continuous reduction of CHLs in Japan. The levels
are comparable to those from Russia (Polder et al., 2003; Tsydenova et al., 2007) and
North America (Johnson-Restrepo et al., 2007), but are still higher than those from the
other Asian countries (Table 4). A potential source of CHLs in breast milk might be the
diet. However, another source may be the house (closed system), since CHLs have been
used as an insecticide which is sprayed under the floor of a house for termite pest
control (Taguchi and Yakushiji, 1988; Konishi et al,, 2001).

3.1.3. HCHs :

HCHs in breast milk were dominated by 3-HCH. We could not detect any other
isomers of HCHs in all samples. HCH levels were the highest in Beijing (570 ng/g lipid),
followed by Sendai (190 ng/g lipid) and the lowest in Takayama (49 ng/g lipid)
(Table 3). In the 1998 and 2000 surveys (Minh et al,, 2004; Yu et al., 2006), HCH levels
were 1200 ng/g lipid in Beijing and 58 ng/g lipid in Hanoi. The current study indicated
that the levels in Hanoi increased twice, whereas the levels in Beijing decreased by half
during the last decade. The contamination levels of HCHs in China are in the same range
as those in Russia, and still higher than those found in the developed nations (Table 4).
These results indicate that technical HCH may be still illegally used for public health
purposes. In Japan, regional variation in HCH levels was seen between Sendai and
Takayama by a factor of 4. The present data were higher or comparable to the data from
the 2001 survey (Konishi et al,, 2001; Kunisue et al., 2006), indicating that HCH levels
have not decreased since 2001. In particular, the human exposure to HCHs in Sendai,
where the maximum was 1200 ng/g lipid in milk, may be explained by continuous
intake of contaminated foods (Polder et al., 2003). The exposure of infants to B-HCH as
a result of breast-feeding has been recognized as a matter of concern because of its
possible health implications (Pohl and Tylenda, 2000). Dietary products should be
further monitored for B-HCH in order to elucidate future pollution trends in Japan and
China.

3.1.4. HCB
The mean concentrations of HCB in human breast milk from Beijing (86 ng/g lipid)
were about one order of magnitude higher than those from the other regions inves-

Table 5

tigated (Table 3). The 1998-2002 survey in China reported that HCB levels were 81 and
56 ng/g lipid in mothers' milk from Dalian and Shenyang, respectively (Kunisue et al.,
2004). On this basis, the present data imply that HCB has not decreased since 2002, The
reason for the fact that there has not been a reduction may be partially explained by the
fact that HCB was used annually for agricultural purposes until 1991 in China (Nakata et
al., 2002). In Russia, HCB is still being used for production of pyrotechnic and ordinance
materials for the military (Barber et al., 2005). The present concentrations of HCB in
China are comparable to those from Russia (mean= 100 ng/g lipid) in 2003-2004
(Tsydenova et al., 2007), and seem to be among the highest in East-Asian countries
(Table 4). Lower levels of HCB were observed in breast milk from Vietnam, Korea and
Japan, reflecting that there is no usage or a lack of a source of HCB in these countries.
The contamination trends of OCPs including HCB in this study are similar to the results
from studies which monitor the levels of OCPs in the environment and mussels in Asian
countries (Ramu et al, 2007).

3.1.5. PCBs

The mean concentrations of PCBs in human milk were higher in Japan (110 ng/g
lipid, n=60) than in the other three countries (56-84 ng/g lipid) (Table 3). Major
components were CB-153 (20-28%), followed by CB-138 (18-19%) and CB-180 (6-13%)
in all samples investigated. No pattern difference was observed between Japan and
Korea, while the lower chlorinated PCB congeners (e.g. CB-74, CB-99 and (B-118) were
relatively abundant in Chinese and Vietnamese milk. This is most likely due to the
dietary exposure to less chlorinated PCB homologues via seafood from a specific source
in China (Mai et al,, 2005; Yang et al., 2009).

The present PCB levels found in Japan were in the same range as recent research
that reported a concentration of 200 ng/g lipid in Osaka (Konishi et al., 2001), and
240 ng/g lipid in Fukuoka (Kunisue et al., 2006) (Table 4). A regional difference was
found between Sendai (150 ng/g lipid) and Takayama (79 ng/g lipid) (Table 3),
indicating that the geographical factor (coastal, urban or rural) is a major determinant
of PCB levels in milk. The current PCB levels in Vietnamese, Chinese and Korean milk
were higher than those from the other developing countries (e.g. Indonesia), but were
lower than those from the UK or Russia (Table 4). We assume that PCB concentrations
are strongly related to the amount of industrial activities taking place in the sur-
rounding environment as well as dietary habits of consuming seafood.

3.1.6. PBDEs

The congener profile was dominated by BDE-47 (43-54%), followed by BDE-153
(23-33%) in Japan, Korea and Vietnam (Table 3). In China, BDE-28 levels were relatively
high (accounted for 23% of total PBDEs), where the levels were similar to or higher than
BDE-153. This implies that some specific PBDE commercial mixtures containing lower
BDEs might be employed in China. In fact, several studies dealing with other

Comparison of mean concentrations (ng/g lipid) of major PBDE congeners in breast milk from different countries or regions.

Reference -

na

ni = not indicated; na = not analyzed; nd = not detected.
® The figures in parentheses represent the number of primiparae.
b Geometric mean.
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environmental matrices also found elevated proportions of tri- and tetraBDEs in
sediments (Chen et al., 2006) and fishes (Xian et al.,, 2008) from the Yangtze River in
China.

The mean concentration of PBDEs was the highest in mothers from Korea (3.7 ng/g
lipid), followed by China (1.9 ng/g lipid), Japan (1.5 ng/g lipid), and the lowest in
Vietnam (0.42 ng/g lipid) (Table 3). The results were compared with those observed for
other countries (Table 5). In Korea, the ranges of PBDE levels were wide (0.82-24 ng/g
lipid), implying that humans are still undergoing high exposure to PBDEs. Although
there is little information about usage/production of PBDEs in Korea, the concentra-
tions of PBDEs in human blood from Korea have been reported to be much higher (Kim
et al., 2005) as compared with those from Japan (Inoue et al., 2006) and China (Bi et al.,
2006). Additionally, apparently higher concentrations of PBDEs have been found in
mussels from the coastal waters of Korea (Ramu et al., 2007). In Japanese milk samples,
the present study showed no increasing trends in PBDE levels, as compared with a
recent large-scale report (Eslami et al., 2006). The potential exposure pathways are
thought to be via dietary intake or housedust ingestion/inhalation in coastal/urban and
inland/rural areas. Although regional differences in PBDE levels have been observed in
a previous report (Eslami et al., 2006), no such difference was observed in this study. In
Chinese breast milk, present levels (1.9 ng/g lipid) were higher than those in the 2005
survey from Beijing (1.2 ng/g lipid) (Li et al., 2008), indicating an increasing trend of
PBDEs. The regional difference in PBDE levels in China has also been observed between
Nanjing (urban) and Zoushan (rural) in 2004 (Sudaryanto et al., 2008b), and in South
China in 2005 (Bi et al., 2006). This study also showed that PBDE levels in Vietnam have
decreased by half since the 2000 survey (Sudaryanto et al., 2005), and remain lower
than those from Russia, Indonesia, Taiwan and Australia (Table 5). In summary, the
current levels of PBDEs in the four regions studied appear to still be 2--3 fold lower than
in Europe (Kalantzi et al,, 2004; Fangstrém et al., 2005) and approxirmnately one order of
magnitude lower than those in North America (She et al., 2007).

3.2. Parity-dependent concentration

Concentrations of contaminants in human breast milk frequently vary with several
factors such as the number of children, age of the mother and dietary preferences. In
this study, we considered the difference in POP concentrations between two groups:
primiparae and multiparae from Japan and Korea (Table 6). The mean concentrations of

Table 6
Comparison of POP concentrations in human breast milk between primipara and
multipara from Japan and Korea.

 Concentration (mean + D (ranges), ng/g lipid

Table 7
Spearman's rank correlation coefficients between concentrations of major POPs in
Japanese breast milk (n=60).

Lipid  pp-DDE t-Nenachlor HCB B-HCH  CB-153 BDE-47

p.p-DDE -

0. 389 -
- Nonachlor —0 333 0. 681 oy
—0208 0712 0. )
B-HCH —0. 474** 0. 589** 0558 0.553**
CB-153 ~ —0279% 0690™"  0.768™" o0671™ 0430** :
BDE-47 0272, 0128 g
BDE-153 0.462™ 0.507 0366™ 0.274"
* p<0.05.
* p<0.01.

OCPs and PCBs in primiparae (n= 31) were significantly higher (p<0.001) than those in
multiparae {n==29) in Takayama and all Japanese women combined. For mothers in
Korea, CHLs, the levels of 3-HCH and HCB were significantly higher in primiparae. A
higher concentration of OCPs in primiparae supports the previous investigations from
Japan (Kunisue et al., 2006), Vietnam (Minh et al,, 2004) and China (Kunisue et al.,
2004), and the hypothesis that lower levels of OCPs in multiparae may be due to
elimination of contaminants via previous periods of lactation. In contrast, no parity-
dependency for PBDEs was observed in Japan and Korea, which may be explained by the
specific exposure pathway of PBDE congeners.

3.3. Relationship between OCPs and PBDEs

Table 7 shows the relationship between two variables (lipid content, concentra-
tions of major contaminants, p,p’-DDE, trans-nonachlor, B-HCH and HCB, CB-153, BDE-
47 and BDE-153) in Japanese mothers' milk (n = 60). All compounds except HCBs were
negatively correlated (p<0.05) to the lipid content (%). High Spearman’s rank corre-
lation coefficients were found among three OCPs and between CB-153 and BDE-153, but
not between BDE-47 and BDE-153. This finding indicates that humans are exposed to
these OCPs, PCBs and BDE-153 via a similar dietary pathway, but from a different route
than BDE-47.

3.4. Age-dependent concentration

We examined the relationship between POP concentrations in breast milk and the
age of mothers in six regions. As shown in Table 8, CHL levels in breast milk from Seoul
were positively correlated to the age of mothers (p<0.05), but no age-dependency was
observed in the other regions, even in the case of primiparous mothers in Korea and
Japan. Age-dependency for OCPs has been observed in Japanese breast milk (Kunisue
et al,, 2004) and adipose tissues (Kunisue et al., 2007). The age-related increase of CHLs
may be explained by a continuous human exposure to technical CHL, which was
previously used for timber houses as a termiticide. On the other hand, PCB and PBDE
levels were positively correlated to the age of mothers in Sendai. Among PBDE con-
geners, BDE-153 more strongly contributed to the age-dependency than BDE-47,
suggesting that BDE-153 has different exposure kinetics from BDE-47. A potential
source of BDE-47 is considered to be inhalation or ingestion of indoor air dust from
pentaPBDE treated consumer products, whereas BDE-153 is derived from the wide
industrial usage of commercial octa-BDE products in Japan (Watanabe and Sakai,
2003). Interestingly, BDE-153 was positively correlated (r==0.444, p<0.05) to the age
of women in Sendai, but negatively to the age of mothers from Kyoto (r=—0.559,
p<0.05) (Fig. 2). No such correlation was observed for BDE-47. The difference in age-
dependency for BDE-153 between Sendai and Kyoto may be attributed to other factors
such as their occupations, since many of the participants from Kyoto (17/20) were
housewives, whereas those from Sendai (17/20) were occupational workers (Table 2).
Jakobsson et al. (2002) found that the levels of BDE-153 in human serum were posi-
tively correlated with the duration of computer work among technicians, whereas there

Table 8
Spearman’s rank correlation coefficients between the ages of mothers and POP
concentrations in breast milk.

POPs Hanoi Beijing . Seoul Sendai Kyoto Takayama
‘ - (0=25) (1=39) ([n=20) ,k(n;zm (n=20)

0 0. 298

SD = standard deviation.
* Statistically significant.
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Fig. 2. Relationships between the age of mothers and concentrations of BDE-153 in the
two groups from Kyoto (A) and Sendai (B) areas of Japan.

were no correlations between BDE-47 and age in any of the occupational groups. In
Japan, the high proportion of BDE-153 was observed in adipose tissue (Kunisue et al.,
2007; Choi et al,, 2003). Therefore, detection of BDE-153 in human milk from Japan may
be an indicator of recent exposure to commercial octa-BDE as well as mobilization from
adipose tissue.

In this study, we did not quantify BDE-209, which was derived from technical deca-
BDE products currently in use, although BDE-183, one of the predominant isomers
derived from octa-BDE products, was not detected in all samples (detection limit=
2.5 ng/g lipid, data not shown). BDE-209 has been detected in human breast milk as a
minor component, while it was a major component in the blood (Inoue et al., 2006;
Kawashiro et al., 2008), suggesting that the blood-to-milk transfer of higher bromi-
nated congeners such as BDE-209 is low. This finding results in the maternal transfer of
lower brominated BDEs to the child. Thus the different PBDE congener patterns in
human breast milk (BDE-47), adipose tissues (BDE-153) and blood (BDE-209) may
imply that there are congener-specific kinetics in the human body.

4. Conclusion

The present study revealed that the contamination trends of POPs
in human breast milk from Asian countries were as follows: (1) DDT
levels are still high in mothers from China and Vietnam, (2) B-HCH
and HCB are predominant in Chinese mothers, (3) CHL and PCB levels
are still higher in Japan, and (4) PBDEs levels are relatively higher in
Korea. This trend is mostly in accordance with the results from the
Asian Mussel Watch Program of POPs (Ramu et al.,, 2007). Although
regional factors were one of the major determinants of OCPs and PCBs,
their concentrations in primiparae were significantly higher than
those in multiparae. This finding suggests that the mothers may

transfer higher amounts of OCPs and PCBs to the first born infant who
then might be at a higher risk of exposure of contaminants. For PBDEs,
no parity/regional differences were observed, and the levels were
lower than those from Europe and USA. However, large quantities of
PBDEs are still used in many products and it can be anticipated that
PBDE levels will further increase in Asia. It is therefore necessary to
continuously monitor the breast milk to elucidate whether any new
input of these contaminants is occurring.

Finally, the present study demonstrated prototypical breast milk
POPs signatures unique to individual countries. Such POPs signatures
represent profiles of OCPs, to which the population is exposed through
various routes. OCPs are now used legally or illegally in Asian countries.
Thus a shift in breast milk POPs signatures may be a good indicator for
detecting the spread of POPs contaminations from one country to
another. A breast POPs signature pattern in Sendai is especially inter-
esting since its similarity to that in Beijing.
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