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Abstract

Various phthalic acid esters (PAEs) have been used for a wide range of products. PAEs and their metabolites produce reproductive
and developmental toxicities in laboratory animals. These findings have raised concern about the possibility of PAEs as contributors to
reproductive and developmental adverse effects in humans. This paper focuses on PAE exposure and health effects in human populations
and summarizes recent studies. The exposure data in human populations indicate that the current methodology of estimation of PAE
exposure is inconsistent. It is therefore important to obtain improved data on human PAE exposure and better understanding of the
toxicokinetics of PAEs in each subpopulation. Studies on health effects of PAEs in humans have remained controversial due to limita-
tions of the study designs. Some of findings in human populations are consistent with animal data suggesting that PAEs and their metab-
olites produce toxic effects in the reproductive system. However, it is not yet possible to conclude whether phthalate exposure is harmful
for human reproduction. Studies in human populations reviewed in this paper are useful for showing the strength of the association. It is
sometimes claimed that the use of animal data for estimating human risk does not provide strong scientific support. However, because it
is difficult to find alternative methods to examine the direct toxic effects of chemicals, animal studies remain necessary for risk assessment

of chemicals including PAEs.
© 2007 Elsevier Inc. All rights reserved.
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1. Introduction

Various phthalic acid esters (PAEs) have been used for a
wide range of products, and the largest use of these esters is
in plasticizers for polyvinyl chloride (PVC) products
(Autian, 1973). When used as plasticizers, PAEs are not
irreversibly bound to the polymer matrix; therefore, they
can migrate from the plastic to the external environment
under certain conditions. PAEs are ubiquitous environ-
mental pollutants because of their widespread manufac-
ture, use, and disposal as well as their high concentration
in and ability to migrate from plastics (Marx, 1972: Mayer
et al., 1972). Humans are exposed to PAEs from food con-
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taminated during growth, processing, and packaging or
from storage and indoor air. Di-(2-ethylhexyl) phthalate
(DEHP), di-n-butyl phthalate (DBP), and butyl benzyl
phthalate (BBP) were particularly found in fatty foods
including dairy products (Kavlock et al., 2002a,b,c).
Women have been exposed to DEHP, DBP, and diethyl
phthalate (DEP) in cosmetics on a daily basis (Koo and
Lee, 2004).

Some PAEs and their metabolites produce reproductive
and developmental toxicities in laboratory animals. The
major toxicities are known to be testicular effects (Zhang
et al, 2004), embryolethality (Ema et al., 1994, 1997a:
Tyl et al., 1988), malformations such as cleft palate and
fusion of the sternebrae, and adverse effects on sexual dif-
ferentiation (Ema et al., 1997b, 1998; Gray et al., 2000).
There are considerable homologies among different
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mammalian species for androgen activities during sex dif-
ferentiation (Gray et al., 1994). Chemicals that adversely
affect human sex differentiation (Schardein, 2000) also pro-
duce predictable alterations of this process in rodents
(Gray et al., 1994). The anti-androgenic effects of some
PAEs were observed in a Hershberger assay in castrated
male rats (Stroheker et al., 2005; Lee and Koo, 2007) or
in an AR reporter gene assay (Satoh et al., 2004). These
findings have raised concern about the possibility of PAEs
as contributors to reproductive and developmental adverse
effects in humans. Available data on primates are currently
limited but show significant differences from rodents
regarding the reproductive effects of PAEs (Kurata et al,,
1998; Pugh et al., 2000; Tomonari et al., 2006), indicating
the possibility of species-related differences.

The lower sensitivity of primates is thought to arise from
differences between rodents and primates in the absorption,
distribution, metabolism, and excretion (ADME) of PAEs.
Monoester metabolites of PAEs such as mono-2-ethylhexyl
phthalate (MEHP) and mono-butyl phthalate (MBP) have
been reported to be the active metabolites responsible for
adverse effects (Elcombe and Mitchell, 1986; Ema and Miy-
awaki, 2001; Tomita et al., 1986). DEHP is hydrolyzed to
MEHP by the catalytic action of lipase (Ito et al., 2005).
Lipase activities in the liver, small intestine, and kidneys
are higher in rodents than in primates (lto et al., 2005).
The maximum concentrations of MEHP in the blood of
marmosets were up to 7.5 times lower than in rats (Kessler
et al., 2004). In rats, MEHP is oxidized to other secondary
metabolites, and both MEHP and secondary metabolites
are found in the blood and amniotic fluid primarily in their
free form (Kurata et al., 2005; Calafat et al., 2006). Urinary
MEHP was mostly found as a glucuronide conjugate in
rats (Calafat et al., 2006). On the other hand, in humans
and primates, MEHP is present in blood and urine primar-
ily as glucuronide conjugates, which enhance urinary excre-
tion and reduce the biological activity of the active
metabolites (Ito et al., 2005; Kurata et al., 2005; Silva
et al., 2003), but DEHP metabolites with a carboxylated
ester side-chain were found as both conjugates and free
forms in human urine (Silva et al., 2006a). Plasma radioac-
tivity measurements of DEHP in rats and marmosets
revealed that radioactivity in rat testis was about 20-fold
higher than that in marmosets. About 60% of the dose
was excreted in urine in rats primarily as unconjugated
MEHP-metabolites. For marmosets, the majority of the
dose was excreted in the feces (Kurata et al., 1998).

The potential of PAEs to produce adverse effects in
humans has been the subject of considerable discussion.
Many toxicity studies have been conducted in laboratory
animals, especially in rats, and review papers are available
based on these animal data (Corton and Lapinskas, 2005;
Ema, 2002; Foster, 2006); however, studies in human pop-
ulations have not been adequate to assess the toxic poten-
tial on human health. Lately, several review papers were
published regarding PAE exposure in human populations
(Koch et al.. 2006; Latini, 2005; Schettler, 2006). These

review studies are worthwhile for knowing exposure levels
and routes of PAE exposure in human populations; how-
ever, review works regarding the relationships between
PAE exposure and human health are not adequate. In
the late 20th century, only a few papers have reported a
relationship between environmental PAE exposures and
human health (Aldyreva et al., 1975; Fredricsson et al.,
1993; Murature et al., 1987). Studies in human populations
have been receiving much attention for the last 2 or 3 years,
and the number of studies in human populations has
increased. Some recent studies have suggested possible
associations between environmental exposure to PAEs
and adverse effects on human reproductive health. It will
be useful to review them to determine whether there is con-
cordance between animal models and human populations
in order to develop hypotheses for future studies. This
paper focuses on the PAE exposure and health effects in
human populations and summarizes recent human studies
published up to 2006.

2. Exposure to PAEs

Many studies have suggested that PAEs and their
metabolites produce reproductive and developmental tox-
icities in laboratory animals. Although the most of these
animals were exposed to PAEs at relatively high level to
exam toxicological effects, some studies showed that rela-
tively low doses of PAEs caused toxic effects (Arcadi
et al., 1998; Lee et al., 2004; Poon et al., 1997). Thus, there
is a question of whether humans are exposed to PAEs at a
severe enough level to generate human health effects. Sev-
eral studies have been conducted to estimate the exposure
level of PAEs in humans.

2.1. Estimate of PAE exposure in human populations

Levels of human exposure to PAEs were estimated from
the urinary metabolite of PAEs. Table 1 shows the urinary
PAE metabolite in US populations. A pilot study was con-
ducted for measurement of levels of seven urinary phtha-
late metabolites,; MEHP, MBP, mono-benzyl phthalate

Table |
Total urinary phthalate monoester concentrations (in pg/g of creatinine)

Metabolites Diester

Measurement
in 2541 individuals
(Silva et al., 2004a)

Measurement
in 289 individuals
(Blount et al., 2000)

Geometric  95th Geometric  95th

mean percentile mean percentile
MEP DEP 345 2610 163 1950
MBP DBP/BBP 36.9 162 224 91.5
MBzP BBP 20.2 919 14.0 77.4
McHP DcHP 0.3 1.0 <LOD 3.00
MEHP DEHP 3.0 15.2 312 18.5
MOP DOP 0.5 21 <LOD %31
MINP DINP 1.3 6.8 <LOD 429

LOD, limit of detection.
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(MBzP), mono-cyclohexyl phthalate (McHP), mono-ethyl
phthalate (MEP), mono-isononyl phthalate (MINP) and
mono-n-octyl phthalate (MOP), in 289 US adults (Blount
et al., 2000). A subsequent study involving a group of
2541 individuals from participants of the National Health
and Nutrition Examination Survey (NHANES) aged > 6
years in US provided similar findings to the previous study
although urinary levels for MEP, MBP and MBzP were
lower than the previously reported values (Silva et al.,
2004a).

These urinary metabolite levels were used to calculate
the ambient exposure levels for five PAEs, BBP, DBP,
DEHP, di-n-octyl phthalate (DOP) and di-isononyl phtha-
late (DINP), in human populations (David et al., 2001;
Kohn et al, 2000). The estimation of daily intake of
phthalates was calculated by applying the following equa-
tion according to David et al. (2001):

UE (ng/g) x CE (mg/kg/day)
S % 1000 (mg/g)
MW,
MW,

Intake (pg/kg/day) =

X

where UE is the urinary concentration of monoester per
gram creatinine, CE is the creatinine excretion rate nor-
malized by body weight, f is the ratio of urinary excre-
tion to total elimination, and MW, and MW, are the
molecular weights of the diesters and monoesters,
respectively.

Table 2 shows the estimated ambient exposure to PAEs.
As shown in Table 2, all estimated PAE intakes in the US
population were lower than the tolerable daily intake
(TDI) values settled by the EU Scientific Committee for
Toxicity, Ecotoxicity and the Environment (BBP: 200
pg/kg/day, DBP: 100 pg/kg/day, DEHP: 37 pg/kg/day,
DOP: 370 pg/kg/day, and DINP:150 pg/kg/day) (CSTEE,
1998), the reference dose (RfD) of the US EPA (BBP:
200 pug/kg/day, DBP: 100 pg/kg/day, and DEHP: 20
pg/kg/day) (US EPA, 2006) and the TDI values established
by the Japanese Government (DEHP: 40-140 pg/kg/day
and DINP: 150 pug/kg/day) (MHLW, 2002). Among these
PAEs, DEHP is most commonly used plasticizer for
flexible PVC formulations and is a widespread environ-
mental contaminant (Kavlock et al., 2002c); however, the

Table 2

estimated daily intake level of DEHP was not high as
expected.

Koch et al. (2004a, 2003) and Barr et al. (2003) cast doubt
on the sensitivity of the biomarker MEHP for assessing
DEHP exposure, and they explored mono- (2-ethyl-50xo-
hexyl) phthalate (5oxo-MEHP) and mono- (2-ethyl-
5-hydroxyhexyl) phthalate (50H-MEHP) as additional
biomarkers for DEHP. After a single oral dose of DEHP
in a male volunteer, peak concentrations of MEHP,
SOH-MEHP, and 50x0o-MEHP were found in the serum
after 2h, and in urine after 2h (MEHP) and 4 h (50H-
MEHP and 5o0xo-MEHP). The major metabolite was
MEHP in serum and 50OH-MEHP in urine (Koch et al.,
2004a), Barr et al. (2003) analyzed 62 urine samples for
metabolites of DEHP, and the mean urinary levels of
Soxo-MEHP and 50H-MEHP were 4-fold higher than
MEHP.

Koch et al. (2003) determined a median DEHP intake of
13.8 pg/kg/day based on urinary oxidative metabolites of
DEHP, 5SO0H-MEHP and 50xo-MEHP, in male and female
Germans (n = 85; aged 18-40). Twelve percent of the sub-
jects exceeded the TDI of the EU-CSTEE (37 pg/kg/day)
and 31% of the subjects exceeded the RfD of the US
EPA (20 pg/kg/day). For DBP, BBP, DEP, and DOP,
the 95th percentile intake values were estimated to be
16.2, 2.5, 22.1, and 0.42 pg/kg/day, respectively. Subse-
quently, urine samples from 254 German children aged
3-14 were also analyzed for concentrations of these three
metabolites of DEHP. The geometric means for MEHP,
SOH-MEHP and 50xo-MEHP in urine were 7.9, 52.1,
and 39.9 pg/L, respectively (Becker et al., 2004). The med-
ian daily intake of DEHP in children was estimated to be
7.7 pg/kg. Four children exceeded the TDI of the EU-
CSTEE (37 pg/kg/day) and 26 children also exceeded the
RfD of the US EPA (20 pg/kg/day) (Koch et al., 2006).

Although these findings showed that German popula-
tions could be exposed to DEHP at a higher level than pre-
viously estimated values (David et al., 2001; Kohn et al.,
2000), these results should be interpreted carefully. In the
above-mentioned equation, Kohn et al. (2000) and David
et al. {2001) applied the fractional urinary excretion value
(f=0.106: MEHP) determined by Peck and Albro
(1982). On the other hand, Koch et al. (2003) applied the
fractional urinary excretion values (f=0.074; 50H-

Comparison of calculated intakes of phthalates based on the geometric mean values for urinary metabolites and the tolerable daily intake levels as well as

the reference dose of phthalates (in pg/kg/day)

PAEs  Estimated by David el al. (2001) for 289  Estimated by Kohn et al. (2000) for 2541  TDI (EU) RfD (US) TDI (Japan)
US individuals (Blount et al., 2000) US individuals (Silva et al., 2004a) (CSTEE, 1998) (US EPA, 2006) (MHLW, 2002)
Geometric mean 95th percentile Geometric mean 95th percentile

BBP 073 334 0.88 4.0 200 200 Not established

DBP 156 6.87 1.5 72 100 100 Not established

DEHP 0.60 3.05 0.71 36 37 20 40-140

DOP <LOD — 0.0096 0.96 370 Not established Not established

DINP 021 1.08 <LOD 1.7 150 Not established 150

LOD, limit of detection.
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MEHP, 0.055: 5oxo-MEHP and 0.024: MEHP) deter-
mined by Schmid and Schlatter (1985). Using different frac-
tional urinary excretion values can yield several fold
differences in estimated values even if the levels of the uri-
nary metabolites are the same.

Table 3 shows a comparison of the estimated median
exposure levels of DEHP. Koo and Lee (2005) and Fuji-
maki et al. (2006) applied the same fractional urinary excre-
tion values of Koch et al. (2003) for calculating daily
DEHP intake. Koo and Lee (2005) estimated daily intake
of DEHP in Korean children aged 11-12 years old
(n=150) and in Korean women aged 20-73 years old
(n=150) with a fractional urinary excretion value of
0.024 for MEHP. Median intake levels of DEHP were esti-
mated to be 6.0 pg/kg/day in children and 21.4 pg/kg/day
in adult women. TDI of the EU (37 pg/kg/day) was
reached at the 56th percentile for women and the 95th per-
centile for children. Fujimaki et al. (2006) estimated the
daily intake of DEHP in forty pregnant Japanese women.
The median concentrations of MEHP, SOH-MEHP and
50x0-MEHP in the urine were 9.83, 10.4, and 10.9 pg/L,
respectively. The median DEHP intake based on MEHP,
SOH-MEHP, and 50xo-MEHP were estimated to be 10.4
(3.45-41.6), 4.55 (0.66-17.9), and 3.51 (1.47-8.57) pg/kg/
day, respectively. These two studies showed higher expo-
sure levels than the previously estimated values in the US
population (David et al., 2001; Kohn et al., 2000). Koo
and Lee (2005) also showed that a different estimation
model can yield 10-fold lower values when estimating
DEHP intake, indicating that methods for estimation of
daily intake values of PAEs remain inconsistent.

Recently, other secondary oxidized metabolites of
DEHP have been recognized (Koch et al., 2005b).
Although SOH-MEHP and 50xo-MEHP in the urine reflect
short-term exposure levels of DEHP, other secondary
oxidized metabolites of DEHP such as mono-(2-ethyl-5-
carboxypentyl) phthalate (5cx-MEPP) and mono-{2-(carb-
oxymethyl)hexyl] phthalate (2cx-MMHP) are considered
excellent parameters for measurement of the time-weighted
body burden of DEHP due to their long half-times of elimi-
nation. Biological monitoring in a German population
(n=19) indicated that 5cx-MEPP is the major urinary

Table 3
Comparison of estimated mean daily intake of DEHP (pg/kg/day)

metabolite of DEHP. Median concentrations of the metab-
olites of DEHP were 85.5 pg/L (5cx-MEPP), 47.5 pg/L
(SOH-MEHP), 39.7 pg/L (50x0-MEHP), 9.8 pg/L (MEHP)
and 36.6 ug/L (2cx-MMHP) (Preuss et al,, 2005). Further-
more, oxidized metabolites of DINP have been recently
introduced as new biomarkers for measurement of DINP
exposure (Koch and Angerer, 2007; Silva et al.,, 2006b).
These new findings imply that more accurate methods for
estimation of PAE exposure can be developed.

2.2. Exposure in fetuses and infants

PAE exposure to the fetus in utero is a great concern
because some PAEs are considered to be developmental
toxicants. Adibi et al. (2003) measured of urinary phthalate
metabolites in pregnant women (n = 26) in New York. The
median creatinine-adjusted concentrations of MEP, MBP,
MBzP, and MEHP were 236, 42.6, 12.1, and 4.06 pg/g,
respectively. Metabolites levels in pregnant women were
comparable with those in US general population (Blount
et al,, 2000; Silva et al., 2004a). Another study in 24
mother-infant pairs confirmed DEHP and/or MEHP
exposure during human pregnancies (Latini et al., 2003a).
The mean DEHP concentrations in maternal plasma and
cord plasma were 1.15 and 2.05 pg/mL, respectively, and
the mean MEHP concentration was 0.68 ug/mL in both
maternal plasma and cord plasma. The levels of phthalate
metabolites in the amniotic fluid may reflect fetal exposure
to PAEs. Only three metabolites, MEP, MBP, and/or
MEHP, were detected in the amniotic fluid samples
(n=2>54). The levels of mono-methylphthalate (MMP),
MBzP, McHP, MINP, MOP, 50H-MEHP, and S5oxo-
MEHP were under the limits of detection. Levels of
MEP, MBP, and MEHP ranged from under the limits of
detection to 9.0 ng/mL (n=13), 263.9 ng/mL (n=50),
and 2.8 ng/mL (n=21), respectively (Silva et al., 2004b).
These studies suggest that human exposure to PAEs can
begin in utero.

Breast milk and infant formula can be routes of PAE
exposure for infants. Table 4 shows phthalate monoesters
levels in human milk, infant formula, and consumer milk.
Levels of phthalate monoesters in pooled breast milk

Metabolites German" adults Korean® (Koo and Lee, Japanese” pregnant US" adults US" aged =6 years
(n=85) (Koch  2005) women (n = 40) (n=289) (n=2541) (Kohn
et al., 2003) Adults (women) Children (Fujimaki et al., 2006)  (David et al., 2001) et al., 2000)

(n=150) (n=150)

MEHP 10.3 (38.3) 21.4 (158.4) 6.0 (37.2) 104 0.60 (3.05) 0.71 (3.6)

SOH-MEHP 13.5(51.4) No data No data  4.55 No data No data

Soxo-MEHP 14.2 (52.8) No data No data  3.51 No data No data

Oxidative DEHP metabolites® 13.8 (52.1) No data No data  No data No data No data

Figures in parentheses show the 95th percentile.

* Applying the equation of David et al. (2001) and the fractional urinary excretion value determined by Schmid and Schlatter (1985).
® Applying the equation of David et al. (2001) and the fractional urinary excretion value determined by Peck and Albro (1982),
© Average of estimated intakes of DEHP based on 5SOH-MEHP and 5oxo-MEHP.



M. Matsumote et al. | Regulatory Toxicology and Pharmacology 50 (2008) 37-49 41

Table 4

Phthalate monoester levels (jg/L) in human milk, infant formula and consumer milk

Monoester Diester Three pooled breast milk

samples (Calafat et al.,

Thirty-six samples of Danish
mother’s milk (Mortensen et al.,

Seven samples of consumer
milk (Mortensen et al., 2005)

Ten samples of infant
formula (Mortensen et al.,

2004b) 2005) 2005)
MMP DMP <LOD 0.17 + 0.26° <LOD <LOD
MEP DEP  <LOD 1.78 4+ 2.74 <LOD <LOD
MBP DBP/ 13415 359 + 1830 0.6-3.9° 1.4-2.8°
BBP
MBzP BBP  <LOD 124 L6 <LOD <LOD
MEHP  DEHP 78468 1311 5.6-9.1 7.1-9.9
MINP DINP 1594177 1144 69 <LOD <LOD

LOD, limit of detection.
* Values are given as mean + standard deviation.
Y Values are given as range.

(n = 3) were reported by Calafat et al. (2004b). A subse-
quent study for 36 individual human milk samples pro-
vided higher values for all metabolites; in particular,
levels of MBP were two magnitudes higher (Mortensen
et al.,, 2005) than that in the previous study by Calafat
et al. (2004b). Phthalate metabolites in breast milk were
detected in their free forms unlike the metabolites found
in urine and blood. Therefore, infants may receive active
PAE metabolites from breast milk on a daily basis. Only
MBP and MEHP were detected in consumer milk and
infant formula (Mortensen et al., 2005).

The levels of PAEs were determined for 27 infant formu-
lae sold in several countries, and DEHP and DBP were
found (Yano et al., 2005). The amounts of DEHP (34-
281 ng/g) were much higher than DBP (15-77 ng/g).
DEHP, DBP, and DEP were also found in a total of 86
human milk samples collected from 21 Canadian mothers
over a 6-month postpartum period. DEHP was the major
ester with a mean value of 222 ng/g (8-2920 ng/g), followed
by DBP with a mean of 0.87 ng/g (undetectable to
11.39 ng/g). DEP with a mean of 0.31 ng/g (undetectable
to 8.1 ng/g) was detected in only a small number of sam-
ples. Dimethyl phthalate (DMP), BBP, and DOP were
not detected in any samples (Zhu et al., 2006). Table 5 pre-
sents estimated maximum daily intakes of PAEs in infants,
which was calculated by assuming that the body weight of
infants is 7kg and the daily intake of milk is 700 mL.
Although the total estimated maximum daily intake of
DEHP in infants was generally less than in general adults
(Koch et al., 2003), the estimated maximum daily intake
per body weight was higher than adults due to the low

Table 5

body weight of the infants. Assuming that milk was the
only exposure route for PAEs in the infants, it is likely that
infants had less exposure to DBP and DEP than the gen-
eral adult population (Koch et al., 2003). These studies sug-
gest that some infants may also be exposed to DEHP at
higher levels than the established safe standard levels.

2.3. Possible variation of PAE exposure

Some humans may be exposed to PAEs at higher level
than the established safe standard levels. Measurements
of urinary metabolites of PAEs have revealed notable dif-
ferences in concentrations of specific metabolites based
on age, gender and race (Blount et al., 2000; Silva et al.,
2004a). Concentrations of MBP, MBzP, and MEHP were
higher in the youngest age group (6-11 years) and
decreased with age. Non-Hispanic blacks tended to have
higher levels of phthalate metabolites than non-Hispanic
whites or Mexican Americans. Females tended to have a
higher level of phthalate metabolites than did males (Silva
et al.,, 2004a). Blount et al. (2000) also indicated that
women of reproductive age (20-40 years) had significantly
higher levels of MBP than other age/gender groups. Mea-
surement of the three urinary metabolites MEHP, 50H-
MEHP and Soxo-MEHP in male and female children
(n=254) aged 3 to 14 showed that boys had higher con-
centrations of these three metabolites of DEHP than girls
(Becker et al., 2004). The higher levels of PAE metabolites
in the young age group may be due to a different food cat-
egory, dairy products, or the use of PVC toys (CSTEE,
1998), and the higher levels of MBP in females may be

Estimated maximum daily intake (pg/kg/day) of PAEs in infants and general German population

Compounds Human milk (n = 21) Infant formula (n = 27) General population (n = 85)
(Zhu et al., 2006) (Yano et al., 2005) (Koch et al., 2003)

DEHP 301 (41.1) 6.9 166 (52.1)

DBP 1.21 (0.12) 1.07 22.6 (16.2)

DEP 0.87 Not measured 69.3 (22.1)

Daily PAE intake levels were calculated by assuming that the average daily milk consumption is 700 mL (722 g: specific gravity of human milk = 1.031)

and average body weight is 7kg.
Figures in parentheses show 95th percentile.
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due to use of cosmetic products that contain high levels of
DBP (Koo and Lee, 2004).

Koo et al. (2002) approached this issue from a different
point of view. Their statistical examination concluded that
higher levels of MBP in urine were associated with a lower
level of education (only a high school education) and/or
lower family income (less than $1500) in the month before
sampling. Slightly higher levels of MEP were found in
urban populations, low income groups, and males. PAE
exposure occurred from food, water, and indoor air,
although dietary intake of PAEs from contaminated food
was likely to be the largest source (Schettler, 2006). Educa-
tion level and family income may therefore influence the
dietary pattern.

1t is still unknown whether the variations in these metab-
olites represent differences in the actual exposure levels.
Metabolism of PAEs may vary by age, race, or sex; for exam-
ple, the ratios of 50H-MEHP/50x0o-MEHP and Soxo-
MEHP/MEHP decrease with increasing age (Becker et al.,
2004). The mean relative ratios of urinary MEHP to 50H-
MEHP to Soxo-MEHP were 1 to 7.1 to 4.9 in German male
and female children and 1 to 3.4 to 2.1 in German male and
female adults. This might indicate enhanced oxidative
metabolism in children (Koch et al., 2004b). The ratios for
urinary MEHP, SOH-MEHP and 50xo-MEHP in Japanese
pregnant women were reported to be approximately 1 to 1 to
I (Fujimaki et al., 2006). The variation seen in these three
populations may be due to differences in the analytical meth-
ods; however, these variations in human populations are still
not negligible for accurate risk assessment. Because the cur-
rent estimates of PAE intake in humans can be imprecise and
ADME:s of PAEs in each subpopulation are not clear, the
significance of exposure to PAEs with regard to health effects
is yet unknown.

2.4. Exposure from medical devices

DEHP has been used for a wide variety of PVC medical
devices such as i.v. storage bags, blood storage bags, tubing
sets, and neonatal intensive care units (NICUs), and
known treatments that involve high DEHP exposures
include blood exchange transfusions, extracorporeal mem-
brane oxygenation and cardiovascular surgery.

Serum concentrations of DEHP were significantly
increased in platelet donors and receptors (Buchta et al.,
2005, 2003; Koch et al., 2005¢c). A median increase of
232% of serum DEHP was detected after plateletpheresis
in healthy platelet donors (Buchta et al, 2003). Mean
DEHP doses for discontinuous-flow platelet donors
and continuous-flow platelet donors were 18.1 and
32.3 pg/kg/day on the day of apheresis, which were close
to or exceeded health standard levels such as the TDI or
RfD (Koch et al., 2005c).

Premature infants who experience medical procedures
may have a higher risk of exposure to DEHP than the gen-
eral population. Because the same size of each medical
device is used for all ages, infants may receive a larger dose

of PAEs on a mg/kg basis than adults due to their smaller
size. Calafat et al. (2004a) provided the first quantitative
evidence confirming that infants who undergo intensive
therapeutic medical interventions are exposed to higher
concentrations of DEHP than the general population.
They assessed exposure levels of DEHP in 6 premature
newborns (23-26 weeks old) by measuring levels of urinary
MEHP, 50H-MEHP and 5o0xo-MEHP. The geometric
mean concentrations of MEHP (100 pg/L), 5oxo-MEHP
(1617 pg/L), and SOH-MEHP (2003 pg/L) were found to
be one or two orders of magnitude higher than German
children aged 3-5 (MEHP: 6.96 pg/L, 50H-MEHP:
56.7 ug/L and Soxo-MEHP:42.8 pg/L). Koch et al
(2005a) estimated DEHP exposure due to medical devices
by using five major DEHP metabolites. Forty-five prema-
ture neonates (2-31 days old) with a gestational age of
25-40 weeks at birth were exposed to DEHP up to 100
times over the RfD value set by the US EPA depending
on the intensity of medical care (median: 42 pg/kg/day;
95th percentile: 1780 pg/kg/day).

3. Health effects of PAEs in human populations

In the late 20th century, a few studies reported a rela-
tionship between environmental exposure of PAEs and
human health. For example, Murature et al. (1987)
reported that there was a negative correlation between
DBP concentration in the cellular fraction of ejaculates
and sperm production. Fredricsson et al. (1993) reported
that human sperm motility was affected by DEHP and
DBP. In females, decreased rates of pregnancy and higher
levels of miscarriage in factory workers were associated
with occupational exposure of DBP (Aldyreva et al.,
1975). More recent studies in human males, females and
infants are summarized below.

3.1. Studies of the male reproductive system

Table 6 shows a summary of studies of the male repro-
ductive system in human populations. Two studies are
available for 168 male subjects who were members of sub-
fertile couples (Duty et al., 2003a,b). Eight urinary PAE
metabolites, MEP, mono-methyl phthalate (MMP),
MEHP, MBP, MBzP, MOP, MINP and McHP, were mea-
sured with a single spot urine sample. Urinary MEHP,
MOP, MINP, or McHP showed no relevance to sperm
parameters or DNA damage (Duty et al., 2003a,b). Uri-
nary MBP was associated with lower sperm concentration
and lower motility, and urinary MBzP was associated with
lower sperm concentration. There was limited evidence
suggesting an association of increased MMP with poor
sperm morphology (Duty et al., 2003a). A neutral comet
assay revealed that urinary MEP levels were associated
with increased DNA damage in sperm (Duty et al,
2003b). This result was confirmed by a recent study in
379 men from an infertility clinic in which sperm DNA
damage was associated with MEP (Hauser et al., 2007).
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Table 6
Male reproductive effects in human populations
Compounds Number of subjects Related effects Reference
Total PAEs" n=2l 1Sperm normal morphology, TPercent of single-stranded DNA in sperm Rozati et al. (2002)
Phthalic acid n=234 TLarge testis’, TSperm motility® Jonsson et al. (2005)
DEHP n=137 1Semen volume, TRate of sperm malformation Zhang et al. (2006)
MEHP n=187 1Straight-line velocity and curvilinear velocity of sperm? Duty et al. (2004)
n=174 1Plasma free testosterone Pan et al. (2006)
%MEHP" n=379 TSperm DNA damage Hauser et al. (2007)
MEP n=168 TDNA damage in sperm Duty et al. (2003b)
n=234 TLarge testis®, {Sperm motility, 1 Luteinizing hormone Jonsson et al. (2005)
n=37 TDNA damage in sperm Hauser et al. (2007)
n=187 lSperm linearity?, TStraight-line velocity and curvilinear velocity of sperm™? Duty et al. (2004)
DBP n=37 1Semen volume Zhang et al. (2006)
MBP n=168 1Sperm concentration, !Sperm motility Duty et al. (2003a)
n=463 1Sperm concentration, 1Sperm motility Hauser et al. (2006)
n=187 LStraight-line velocity and curvilinear velocity of sperm® Duty et al. (2004)
n=74 LPlasma free testosterone Pan et al. (2006)
n=295 TInhibin B level* Duty et al. (2005)
MBzP n=168 1Sperm concentration Duty et al. (2003a)
n=463 1Sperm concentration® Hauser et al. (2006)
n=187 1Straight-line velocity and curvilinear velocity of sperm® Duty et al. (2004)
n=295 IFollicle-stimulating hormone® Duty et al. (2005)
MMP n=168 TPoor sperm morphology® Duty et al. (2003a)

* Total level of DMP, DEP, DBP, DEHP and DOP.

® The urinary concentrations of MEHP divided by sum of MEHP, SOH-MEHP and Soxo-MEHP concentrations and multiplied by 100.
¢ Data do not support the association of PAEs with reproductive adverse effects in male human populations.

9 Only suggestive association was observed (statistically not significant),

In another study, semen volume, sperm concentration,
motility, sperm chromatin integrity and biochemical mark-
ers of epididymal and prostatic function were analyzed
together with MEP, MEHP, MBzP, MBP, and phthalic
acid levels in urine in 234 young Swedish men (Jonsson
et al., 2005). Urinary MEP level was associated with fewer
motile sperm, more immotile sperm, and lower serum
luteinizing hormone (LH) values. However, higher phthalic
acid levels were associated with more motile sperm and
fewer immotile sperm; therefore, the results for phthalic
acid were opposite what had been expected.

A similar study was conducted in 463 male partners of
subfertile couples (Hauser et al., 2006). Phthalate metabo-
lites were measured in a single spot urine sample. There
were dose—response relationships of MBP with low sperm
concentration and motility. There was suggestive evidence
of an association between the highest MBzP quartile and
low sperm concentration. There were no relationships
between MEP, MMP, MEHP or oxidative DEHP metabo-
lites with any of the semen parameters.

Although there were associations between some metabo-
lites of PAEs and sperm count, motility, or morphology, no
statistically significant associations between MEP, MBzP,
MBP, MEHP, or MMP and sperm progression, sperm vigor,
or swimming pattern were observed in 187 subjects. There
were only suggestive associations as follows: negative associ-
ations between MBzP with straight-line velocity (VSL) or
curvilinear velocity (VCL), between MBP with VSL and
VCL and between MEHP with VSL and VCL. MEP was
positively associated with VSL and VCL but negatively asso-
ciated with linearity (Duty et al., 2004).

Duty et al. (2005) explored the relationship between uri-
nary phthalate monoester concentrations and serum levels
of reproductive hormones in 295 men. In their previous
studies (Duty et al., 2003a,b), MBP and MBzP were asso-
ciated with sperm parameters, and the investigators had
hypothesized that inhibin B, a sensitive marker of impaired
spermatogenesis (Uhler et al., 2003), would be inversely
associated with MBP and MBzP. However, MBP exposure
was associated with increased inhibin B, although this was
of borderline significance. Additionally, MBzP exposure
was significantly associated with a decrease in serum folli-
cle-stimulating hormone (FSH) level. The serum FSH level
has been used as a marker of spermatogenesis for infertile
males in clinical evaluation (Subhan et al., 1995), and it is
increased in comparison to normal males (Sina et al.,
1975). Therefore, the hormone concentrations did not
change in the expected patterns.

DEHP is known to cause adverse effects on the male
reproductive system in rodents (Gray et al.. 2000), and
DNA damage in human lymphocytes is also induced by
DEHP and MEHP (Anderson et al., 1999). A Hershberger
assay with DEHP or MEHP showed anti-androgenic
effects in castrated rats (Stroheker et al., 2005; Lee and
Koo, 2007). However, only a few studies have suggested
that DEHP could be a reproductive toxicant in humans.
Urine and blood samples from 74 male workers at a fac-
tory producing unfoamed polyvinyl chloride flooring
exposed to DBP and DEHP were compared with samples
from 63 unexposed male workers. The exposed workers
had significantly elevated concentrations of MBP (644.3
vs. 129.6 pg/g creatinine) and MEHP (565.7 vs. 5.7 nug/g
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creatinine) in their urine. The plasma free testosterone level
was significantly lower (8.4 vs. 9.7 pg/g creatinine) in the
exposed workers than in the unexposed workers. Free tes-
tosterone was negatively correlated to MBP and MEHP in
the exposed worker group (Pan et al., 2006). Another
recent study showed that although the urinary MEHP con-
centration was not associated with sperm DNA damage,
the percentage of DEHP metabolites excreted as MEHP
(MEHP%) was associated with increased sperm DNA
damage. It is of interest that the oxidative metabolites
had inverse relationships with sperm DNA damage (Haus-
er et al., 2007).

Unlike other studies, the following two studies used
diester concentrations for measurement of PAEs. Rozati
et al, (2002) reported that the concentration of total PAEs
(DMP, DEP, DBP, BBP, DEHP, and DOP) in the seminal
plasma was significantly higher in infertile men (n=21)
compared to controls (n = 32). Correlations were observed
between seminal PAEs and sperm normal morphology
(r=—0.769, p <.001), in addition to the % of single-
stranded DNA in the sperm (r=0.855, p<.001). This
study examined only total PAEs, and relationships between
individual PAEs and sperm parameters were not identified.
Another study in a human male population was carried out
by measurement of semen parameters and DEHP, DBP,
and DEP in human semen (n = 37) (Zhang et al., 2006).
The three PAEs were detected in most of the samples,
and mean levels of DEHP, DBP, and DEP were 0.28,
0.16, and 0.47 pg/L, respectively. There was a negative cor-
relation between semen volume and concentration of DBP
or DEHP. There was also a positive association between
the rate of sperm malformation and DEHP concentrations.
These diester concentrations may directly reflect PAE
exposure levels.

Animal data have suggested that mature exposure to
DBP and DEHP affects sperm parameters (Agarwal
et al., 1986; Higuchi et al., 2003). Dietary exposure of
mature male F344 rats (15-16 weeks old) to DEHP
(0-20,000 ppm) for 60 consecutive days resulted in a dose
dependent reduction in testis, epididymis and prostate
weights at 5000 and 20,000 ppm (284.1 and 1156.4
mg/kg/day). Epididymal sperm density and motility were
also reduced and there was an increased occurrence of
abnormal sperm at 20,000 ppm (Agarwal et al., 1986).
Exposure of BBP from adolescence to adulthood showed
changes in reproductive hormones in CD(SD)IGS rats at
100 and 500 mg/kg/day (Nagao et al., 2000). In Dutch-
Belted rabbits, exposure of DBP during adolescence and
in adulthood decreased the amount of normal sperm
whereas in utero exposure of DBP decreased the amount
of normal sperm, sperm counts, ejaculated volume, and
accessory gland weight (Higuchi et al., 2003). Preadoles-
cent male rats appear to have a greater sensitivity to the
adverse testicular effects of DEHP than older rats. Akingb-
emi et al. (2001) demonstrated that preadolescent male rats
(21 days old) were more sensitive than young adult animals
(62 days old) to 14- or 28-day DEHP exposures that

induced decreases in Leydig cell production of testosterone.
PAE effects on male reproductive organs could be influ-
enced by the stage of development, but the data also sup-
port the possibility that mature animals are susceptible to
PAE exposure. The studies in human populations were in
accord with these animal data.

Some studies in human populations have suggested
associations between MEP, a metabolite of DEP, and
changes in sperm; however, these results regarding to
MEP are not supported by animal studies. According to
Foster et al. (1980), oral dosing of DEP (1600 mg/kg/day)
for 4 days did not damage the testes in young SD rats. In
another study, male and female CD-1 mice were given diets
with DEP (0-2.5%) for 7 days prior to and during a 98-day
cohabitation period. There were no apparent effects on
reproductive function in animals exposed to DEP (Lamb
et al., 1987).

Furthermore, studies in rodents may have little relevance
to humans for the reason that DEHP and DINP donot cause
reproductive effects in non-human primates. Pugh et al.
(2000) showed no evidence of testicular lesions in young
adult cynomolgus monkeys (~2 years old) gavage dosed with
500 mg/kg bw/day DEHP and DINP for 14 days. A study
with matured marmosets (12-15 months old) showed that
repeated dosing of DEHP at up to 2500 mg/kg bw/day for
13 weeks resulted in no differences in testicular weight, pros-
tate weight, blood testosterone levels, blood estradiol levels
or any other aspect of the reproductive system (Kurata
et al., 1998). DEHP treatment up to 2500 mg/kg bw/day in
marmosets from weaning (3 months old) to sexual matura-
tion (18 months old) produced no evidence of testicular dam-
age. Sperm head counts, zinc levels, glutathione levels and
testicular enzyme activities were also not affected (Tomonari
et al., 2006). In contrast to data from rabbits and rodents, no
testicular effects of DEHP or DINP were found in non-
human primates at any ages. The current understanding of
how PAEs affects semen parameters, sperm DNA damage,
and hormones in human populations is limited and further
investigation is required.

3.2. Studies of the female reproductive system

Studies of adult female humans are less numerous than
those of adult males. Cobellis et al. (2003) compared
plasma concentrations of DEHP and MEHP in endometri-
otic women (n = 55) with control women (n=24), and
higher plasma DEHP concentrations were observed in
endometriotic women. Similar results were observed in a
recent study reported by Reddy et al. (2006). The investiga-
tors collected blood samples from 49 infertile women with
endometriosis (the study group), 38 infertile women with-
out endometriosis (control group I) and 21 women with
proven fertility (control group 11). Women with endometri-
osis showed significantly higher concentrations of DBP,
BBP, DOP, and DEHP when compared to both control
groups. Upon analysis of cord blood samples of 84 new-
borns, Latini et al. (2003b) revealed that MEHP-positive
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infants had a lower gestational age (38.16 & 2.34 weeks)
than MEHP-negative infants (39.35 = 1.35 weeks). Intra-
uterine inflammation due to DEHP and/or MEHP expo-
sure may be a risk factor for prematurity because
intrauterine infection/inflammation is a major cause of pre-
mature labor. These studies suggest that DEHP may play a
role in inducing the intrauterine inflammatory process.

Thelarche, premature breast development, is the growth
of mammary tissue in young girls without other manifesta-
tions of puberty. Colon et al. (2000) analyzed serum sam-
ples from 41 Puerto Rican thelarche patients and 35 age
matched controls. Significantly higher levels of DMP,
DEP, DBP, DEHP, and MEHP were found in 28 (68%)
samples from thelarche patients. This study suggested a
possible association between PAEs and premature breast
development. However, McKee et al. (2004) stated that
the association between PAE exposure and thelarche seems
highly unlikely for two reasons. First, the reported expo-
sure levels of PAEs may have reflected contamination since
they were very high when compared to recent exposure
information. Second, toxicological evidence from the labo-
ratory studies described below do not support any influ-
ence on female sexual development.

DEHP exposure at 2000 mg/kg/day for 1-12 days in
mature SD rats resulted in decreased serum estradiol levels,
prolonged estrous cycles and no ovulation (Davis et al.,
1994). A two generation reproductive study in SD rats
revealed that oral doses of 500 mg/kg/day BBP caused
atrophy of the ovary in one female and significant
decreases in absolute and relative ovary weights. However
oral doses of up to 500 mg/kg/day BBP did not affect
estrous cycles in SD rats (Nagao et al., 2000). Similarly,
when DEHP was administered to rats over two generations
at up to 9000 ppm (about 900 mg/kg/day) in the diet, there
were no effects on the pattern and duration of the estrous
cycle in FO female rats (Schilling et al., 1999). Histological
changes in female reproductive organs were also not
observed after exposure to di-n-propyl phthalate, DBP,
di-n-pentyl phthalate, DHP, or DEHP (Heindel et al.,
1989; Lamb et al., 1987). Although some PAEs have been
reported to be weakly estrogenic in estrogen-responsive

human breast cancer cells (Jobling et al., 1995; Sonnensch-
ein et al., 1995; Soto et al., 1995; Zacharewski et al., 1998)
and/or in a recombinant yeast screen (Coldham et al,
1997; Harris et al., 1997), no PAEs showed any estrogenic
response upon in vivo uterotrophic or vaginal cornification
assay (Zacharewski et al., 1998). Thus, there is no evidence
that PAEs influence the timing of female sexual develop-
ment in laboratory studies.

3.3. Studies in human infants

Anogenital distance (AGD) is a developmental land-
mark for the differentiation of the external genitalia and
is commonly used as a hormonally sensitive parameter of
sex differentiation in rodents. AGD in male rats is normally
about twice that in females, and a similar sex difference is
observed in humans (Salazar-Martinez et al., 2004). Many
studies in male rodents reported a reduction of AGD after
prenatal exposure to PAEs (Table 7). Chemicals that
adversely affect human sex differentiation (Schardein,
2000) also produce predictable alterations of this process
in rodents (Gray et al., 1994). In a Hershberger assay, sig-
nificant decreases in seminal vesicles, ventral prostate, leva-
tor ani/bulbocavernosus muscles weights were observed in
animals treated with DEHP, DBP, DINP, di-isodecyl phth-
alate or MEHP, which suggest that some phthalates pos-
sess anti-androgenic activity (Lee and Koo, 2007). Swan
et al. (2005) presented the first study of AGD and other
genital measurements in relation to PAE exposure in a
human population. AGD data were obtained for 134 boys
of 2-36 months of age. Mother’s urine during pregnancy
was assayed for phthalate metabolites. Urinary concentra-
tions of four phthalate metabolites, MEP, MBP, MBzP,
and mono-isobutyl phthalate (MiBP), were negatively
related to the anogenital index (AGl) which is a weight-
normalized index of AGD [AGD/weight (mm/kg)].

In rats, undescended testes were observed in male pups
after maternal dosing of BBP, MBzP, DEHP, DBP, or
MBP (Table 7). Main et al. (2006) investigated whether
phthalate monoesters in human breast milk had any rela-
tion to cryptorchidism in newborn boys (1-3 months of

Table 7
Decreased AGD and undescended testes observed in experimental animals
Compounds Animals Days of Route Dose Decreased Undescended Reference
administration (mg/kg/day) male AGD testes
BBP Wistar rat GDs 15-17 Gavage 500 2= + Ema and Miyawaki (2002)
1000 + +
MBzP Wistar rat GDs 15-17 Gavage 250 + + Ema et al. (2003)
375 + +
DEHP SD rat GD 2-PND 21 Gavage 750 + Moore et al. (2001)
1500 + : &
DBP Wistar rat GDs 11-21 Diet 555 + + Ema et al. (1998)
661 + +
DBP Wistar rat GDs 15-17 Gavage 500 + + Ema et al. (2000)
1500 + +
MBP Wistar rat GDs 15-17 Gavage 250 + + Ema and Miyawaki (2001)
500 + & 4
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age). The median levels of MMP, MEP, MBP, MBzP,
MEHP, and MINP in breast milk were 0.10, 0.95, 9.6,
1.2, 11, and 95 pg/L, respectively. No association was
found between phthalate monoester levels and cryptorchi-
dism. However, there were positive correlations for MEP
and MBP with sex hormone-binding globulin, MMP,
MEP, and MBP with the ratio of LH/free testosterone,
and MINP with LH. MBP was negatively correlated with
free testosterone. These mother-son cohort studies pro-
vided evidence that testicular and genital development
may also be vulnerable to perinatal exposure to PAEs.

Although these two studies of human infants indicate
possible associations between PAE exposure and the devel-
opment of the human reproductive system, two follow-up
studies of adolescents exposed to DEHP from medical
devices as neonates showed no significant adverse effects
on their maturity or sexual activity. A comparison of very
low birth weight infants who had undergone neonatal
intensive care and infants with normal birth weights
showed that there were no differences in the rates of sexual
intercourse, pregnancy, or live births when the infants
became young adults (Hack et al., 2002). Another study
indicated that adolescents exposed to DEHP as neonates
showed no significant adverse effects on physical growth
and pubertal maturity. Thirteen male and 6 female subjects
of 14-16 years of age who had undergone extracorporeal
membrane oxygenation as neonates had a complete physi-
cal examination to evaluate the long-term toxicity of
DEHP in infants. Thyroid, liver, renal, and male and
female gonadal functions tested were within normal ranges
for the given age and sex distribution (Rais-Bahrami et al,,
2004).

4. Overall conclusions

In conclusion, exposure data in human populations indi-
cate that the current methodology of estimation of PAEs is
inconsistent. It is important to obtain improved data on
human PAE exposure and a better understanding of the tox-
icokinetics of PAEs in each subpopulation. Oxidized metab-
olites of DEHP and DINP were recently recognized as the
major urinary metabolitesin humans (Barr et al., 2003; Koch
and Angerer, 2007; Koch et al., 2004a, 2005b). These find-
ings could be useful to establish new hypotheses for labora-
tory studies. Hauser et al. (2007) found that oxidative
metabolites of DEHP had a negative association with sperm
DNA damage, suggesting that the oxidation of MEHP to
5OH-MEHP and 5oxo-MEHP is protective against sperm
DNA damage. However, in an in vitro study, SOH-MEHP
and Soxo-MEHP, but not DEHP or MEHP, were anti-
androgenic (Stroheker et al., 2005). The relevance of this
in vitro study to findings in human populations is not clear.
Therefore, further studies are required to facilitate accurate
risk assessments for human health.

Studies of health effects of PAEs in humans have
remained controversial due to limitations of the study
designs. Some findings in human populations are consis-

tent with animal data suggesting that PAEs and their
metabolites produce toxic effects in the reproductive sys-
tem. However, it is not yet possible to conclude whether
phthalate exposure is harmful for human reproduction.
Studies in humans have to be interpreted cautiously
because they are conducted in a limited number of subjects.
Spot samples only reflect recent phthalate exposure due to
the short half-life and it has not yet been confirmed
whether point estimates are representative of patterns of
long exposure, although reproducibility was found for uri-
nary phthalate monoester levels over two consecutive days
(Hoppin et al., 2002). The timing of exposure is a critical
factor for decreased AGD in animal studies (Ema and Miy-
awaki, 2001); however, the stage of fetal development was
unknown at the time of urine sampling in the study of
Swan et al. (2005). Further studies need to be conducted
to confirm these results in human populations and identify
the potential mechanisms of interaction.

The studies in human populations reviewed in this paper
are useful for showing the strength of associations. Evi-
dence from human studies is preferred for risk assessment
as long as it is obtained humanely. It is sometimes claimed
that the use of animal data for estimating human risk dose
not provide strong scientific support. However, because it
is difficult to find alternative methods to test the direct toxic
effects of chemicals, continuance of studies in animals is
required for risk assessment of chemicals including PAEs.
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Abstract

In vitro genotoxicity assays are often used to screen and predict whether chemicals might represent mutagenic and carcinogenic
risks for humans. Recent discussions have focused on the high rate of positive results in in vitro tests, especially in those assays
performed in mammalian cells that are not confirmed in vivo. Currently, there is no general consensus in the scientific community
on the interpretation of the significance of positive results from the in vitro genotoxicity assays. To address this issue, the Health
and Environmental Sciences Institute (HESI), held an international workshop in June 2006 to discuss the relevance and follow-up
of positive results in in vitro genetic toxicity assays. The goals of the meeting were to examine ways to advance the scientific
basis for the interpretation of positive findings in in vitro assays, to facilitate the development of follow-up testing strategies and to
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define criteria for determining the relevance to human health. The workshop identified specific needs in two general categories,
i.e., improved testing and improved data interpretation and risk assessment. Recommendations to improve testing included: (1)
re-examine the maximum level of cytotoxicity currently required for in vitro tests; (2) re-examine the upper limit concentration for
in vitro mammalian studies; (3) develop improved testing strategies using current in vitro assays; (4) define criteria to guide selection
of the appropriate follow-up in vivo studies; (5) develop new and more predictive in vitro and in vivo tests. Recommendations for
improving interpretation and assessment included: (1) examine the suitability of applying the threshold of toxicological concern
concepts to genotoxicity data; (2) develop a structured weight of evidence approach for assessing genotoxic/carcinogenic hazard;
and (3) re-examine in vitro and in vivo correlations qualitatively and quantitatively. Conclusions from the workshop highlighted a
willingness of scientists from various sectors to change and improve the current paradigm and move from a hazard identification
approach to a “realistic” risk-based approach that incorporates information on mechanism of action, kinetics, and human exposure..
© 2007 Elsevier B.V. All rights reserved.
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1. Introduction

Human exposure to DNA-damaging agents is an
important health issue because gene and chromosomal
mutations can potentially lead to adverse health con-
sequences, including cancer, reproductive impairment,
developmental anomalies, or genetic diseases. Current
regulatory practice is to use a battery of genetic toxicity
tests to determine if a chemical has the potential to cause
mutations or chromosomal damage. Tests conducted in
vitro in bacteria and mammalian cells play an impor-
tant role in this battery [1-13]. During the past 15 years,
accumulated evidence has shown a high rate of positive
results in the in vitro tests, especially in those assays
performed in mammalian cells [14]. Importantly, a large
number of the mammalian in vitro positive findings have
not been confirmed in in vivo genotoxicity and/or car-
cinogenicity studies, and this raises the question of their
specificity and relevance in human risk assessment [15].

Positive in vitro results generally lead to costly and
time consuming additional testing, including mecha-
nistic studies and in vivo genetic toxicity testing in
rodent models. In the context of regulating pharmaceuti-
cals, pesticides or industrial chemicals, such positive in
vitro results could potentially lead to prohibiting the use
and/or development of compounds of negligible concern
for adverse human effects. It is increasingly accepted that
positive results should not be considered in isolation, and
that a weight of evidence approach considering all per-
tinent data should be the preferred approach [4,16-18].
As part of this weight of evidence approach, information
on the mode of action, kinetics, and the extent of human
exposure is useful for risk assessment.

The low dose portion of the dose-response curve is
generally assumed to be linear with no threshold for
compounds known to interact with DNA directly (e.g.,
alkylating and intercalating agents). Other compounds
can induce DNA damage as a secondary effect and act

through non-DNA reactive mechanisms (e.g., inhibition
of topoisomerase, mitotic spindle disruption, inhibition
of protein and DNA synthesis, imbalance of nucleotide
pools). In this latter case, it is accepted that a thresh-
old dose level exists below which no genotoxic effect is
expected to occur. Despite recently accumulated infor-
mation about possible indirect mechanisms of action
[19-22], there is still a need to improve and enhance
our understanding of these mechanisms and to provide
clear recommendations on the approaches to be used to
identify the mode of action and include these data in risk
assessment.

It is agreed that in vitro models are imperfect models
of in vivo biology. Nonetheless, business and regulatory
decisions are often made on the basis of qualitative out-
comes in these assays. In addition, extreme experimental
conditions currently recommended in regulatory guide-
lines for the in vitro genotoxicity models are seen as a
potential source of artifacts and irrelevant findings (e.g.,
high level of cytotoxicity, precipitating concentrations,
concentrations up to 5000 pwg/ml or 10 mM that are very
unlikely to be attained in vive). Hence, there is a need for
a better understanding of the limitations of the currently
used in vitro models in order to more adequately interpret
the in vitro findings, and to identify the key criteria for
the development of better and more relevant predictive
models for in vivo biology.

The need to re-consider the evaluation of in vitro
positive findings and their impact on risk assessment
has been recently highlighted by regulatory authorities
[16,17,23-25], and organizations such as the Interna-
tional Workshops on Genotoxicity Testing (IWGT) and
European Centre for the Validation of Alternative Meth-
ods (ECVAM) [18,26].

Taking all these questions/points into consideration,
the Health and Environmental Sciences Institute (HESI),
the global branch of the International Life Sciences
Institute (ILSI) recently identified “the relevance and
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follow-up of positive results in in vitro genetic toxic-
ity” as an emerging issue. A HESI subcommittee was
formed to address the following key objectives:

e improve the scientific basis of the interpretation of
results from in vitro genetic toxicology tests for pur-
poses of accurate human risk assessment,

e develop follow-up strategies for determining the rele-
vance of in vitro test results to human health, and

e provide a framework for the integration of the in vitro
testing results into a risk-based assessment of the
effects of chemical exposures to human health.

In order to identify the actions to be initiated, HESI
organized an international multi-sector workshop in
Washington, DC, on June 21 and 22, 2006, which
was attended by 45 experts in the fields of genetic
toxicology, carcinogenesis and risk assessment. Partic-
ipants included representatives from the United States
Department of Agriculture (USDA), United States
Environmental Protection Agency (USEPA), United
States Food and Drug Administration (USFDA), Health
Canada, Japan National Institute of Health Sciences
(NIHS), and the European Food Safety Authority
(EFSA), and over 15 companies from various industries
involved in the development of products including indus-
trial chemicals, agricultural chemicals, pharmaceuticals,
and cosmetics. Several of the participants were also
involved in other initiatives such as IWGT or ECVAM,
and this workshop facilitated coordination between the
different initiatives. Further information about the work-
shop participants and their affiliations can be found at
http://www.hesiglobal.org/Committees/Emerginglssues/
ToxTesting.

The program of this workshop consisted of a series of
plenary lectures followed by break-out group sessions to
address three main topics. These were:

e Break-out group #1: how to establish relevance of in
vitro findings to humans using mechanistic and in vive
data.

o Break-out group #2: how to factor in quantitative con-
sideration of the impact of dose—response.

e Break-out group #3: how to improve our testing for
genetic toxicity.

This publication summarizes the three break-out
group discussions and deliberations, and provides rec-
ommendations by the workshop participants to support
the development of more reliable approaches to genetic
toxicity risk assessment and risk management. No
attempt was made at harmonizing the format of break-out

group reports, but Table 1 captures the key recommen-
dations and some of the commonalities shared between
the three break-out groups. The conclusion statements
will be used as a starting point for the next steps of the
collaborative work. The different topics identified will
be examined further in depth in the near future, in order
to evaluate if new technical and scientific approaches can
be used to address the identified issues and questions.

2. Summaries of the break-out group discussions

2.1. Break-out group #1: how to establish relevance
of in vitro findings to humans using mechanistic and
in vivo data

2.1.1. Break-out group #1: background

The positive results obtained in in vitro genotoxic-
ity tests are often not confirmed in in vivo genotoxicity
and carcinogenicity tests. To predict carcinogenesis from
in vitro findings, there is a significant need to develop a
weight of evidence approach that considers human expo-
sure information and incorporates an understanding of
the mechanism of action, metabolism and tissue distri-
bution in vive. The participants of this break-out group
evaluated the relevance of in vitro data to humans by
focusing on the concordance with in vive genotoxicity
and carcinogenicity data. This evaluation was done for
different endpoints (e.g., gene mutations, chromosome
damage, primary DNA damage) with consideration of
mechanistic information. The discussion also included
the level of information needed to define a threshold and
a potential safety margin in humans.

2.1.2. Break-out group #1: report

Genetic toxicology testing is an integral and essential
part of the safety evaluation of chemicals (pharmaceu-
ticals, pesticides, industrial chemicals, and consumer
products). The primary focus of this testing is to assess
the inherent potential of a substance to compromise the
integrity of the genetic material. The types of heritable
genetic events that are relevant to human risk assess-
ment include gene mutations, structural chromosomal
changes, and aneuploidy. Hence, all three end points
should be included in human health assessments.

Currently, a battery of short-term tests is initially used
to identify the genotoxic potential of a test material.
There was a general consensus among the members of
the break-out group that this initial battery of tests could
be prescriptive. Towards this end, a battery, comprised
of three or four tests (e.g., a bacterial reverse mutation
test, a test for chromosomal aberrations and/or muta-
tions in mammalian cell cultures, and an in vive test for
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cytogenetic damage in bone marrow of rodents), as pre-
scribed by a number of expert/regulatory bodies around
the globe (e.g., ICH, EEC, U.S.EPA, IMHLW, efc.), are
considered to be still valid. For certain molecules, one
or more of the above tests may not be relevant or useful
(e.g., bacterial reverse mutation test for peptides). Posi-
tive findings (i.e., identification of genotoxicity) in one
or more of the initial tests may require further investi-
gation and usually trigger additional testing. However,
the selection of additional test(s) at this stage cannot be
prescriptive and should be handled on a case-by-case
basis.

There was also a general consensus that the protocols
and data interpretation strategies currently used in the
conduct of the initial battery of tests needed improve-
ment. For example, the rationale for the selection of
the top concentration including the required levels of
cytotoxicity currently prescribed by various regulatory
guidelines for in vitro tests may need further exami-
nation. In this context, the group identified a need to
undertake a retrospective analysis of any available inter-
nal exposure data from animal toxicokinetic and, where
available, human pharmacokinetic studies to help estab-
lish a general guidance to limit the highest concentrations
that need to be evaluated in in vitro genotoxicity stud-
ies utilizing mammalian cell cultures. Using information
from such an analysis, one might be able to identify an
appropriate top concentration to be used in in vitro assays
(instead of the current 10 mM limit) that could generally
be agreed not to be excessively above the typical pharma-
cologically active range for most drugs, above the K;s
for most relevant enzymes including those involved in
metabolic activation/detoxification, and above the typi-
cal blood and tissue levels expected at the most extreme
human exposures that would occur in actual usage sit-
uations. While this approach might be suitable in most
cases, there could be instances where higher concentra-
tions may need to be evaluated with certain agents which
may have potentially extreme human exposures.

The group acknowledged that toxicokinetic and tox-
icodynamic considerations dictate that findings from a
well conducted in vivo genetic toxicity test that evaluates
relevant endpoints and target tissues should carry more
emphasis or weight than conflicting results from corre-
sponding in vitro assays. At this time, however, there
are no validated in vive protocols amenable to assess
all genetic events of human relevance (i.e., mutations,
chromosomal aberrations, and aneuploidy) in multi-
ple tissues. Because of this limitation an integrative
approach of different in vitro genetic toxicology stud-
ies will continue to play an important role in safety
assessment programs. Furthermore, although analyses

performed to date suggest that the results from in vivo
tests correlate better than in vitro tests in predicting the
outcomes of animal carcinogenicity studies, an exhaus-
tive analysis of all available databases has not yet been
performed that would allow one to make a definitive con-
clusion on this issue. Therefore, this group identified
such an analysis as a worthwhile future activity.

Genetic toxicology is an integral part of the field
of toxicology and as such the general weight of evi-
dence principles of data interpretation widely accepted
for other toxicities should be equally applicable to geno-
toxicity (i.e., considering all pertinent information when
available including, metabolism, kinetics, mechanism,
dose-response and human exposure, placing empha-
sis on reliable in vivo results over in vitro findings,
and acknowledging data limitations). The central dogma
in toxicology is that it is the dose that determines
the risk of toxicity. Accordingly, an experimentally
derived no-adverse-effect-level (NOAEL) or mathemati-
cally modeled “bench mark dose (BMD)” in conjunction
with a set of uncertainty factors usually forms the basis to
establish a human exposure level to toxicants without an
expectation of an adverse outcome. The group had a cur-
sory discussion on the applicability of such an approach
to mutagenicity data, irrespective of the mode of action
of an agent (i.e., even for DNA reactive mutagens which
are currently excluded from this approach), for setting
acceptable exposure levels. The following uncertainties
were discussed in the use of experimental data to derive
allowable human exposure levels: (1) extrapolation from
in vitro to in vive situations, (2) extrapolation from non-
human species to humans, (3) existence of susceptible
subpopulations among humans, (4) severity of the effect
studied, and (5) deficiency in the database used to derive
the NOAEL or BMD. The group concluded that further
discussion is needed on the suitability of this approach as
well as the use of factors (e.g., 3 x or 10x) to account for
each of the identified uncertainties to be used in deriving
the permissible exposure levels.

2.1.3. Break-out group #1: conclusions and
recommendations

Based on the deliberations described above, break-
out group #1 proposed the following conclusions and
recommendations:

o Critically examine the currently required maximum
level of cytotoxicity in in vitro mammalian assays.

e Re-evaluate the current 10mM upper limit con-
centration for in vitro mammalian studies using a
retrospective analysis, taking into account the follow-
ing:
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- animal and human pharmacokinetic data;

- metabolic efficiency;

- enzyme saturation;

- typical blood and tissue levels at the most extreme
human exposure situations.

e Apply general weight of evidence principles of data
interpretation accepted for other types of toxicity to
genotoxicity data, considering:

- metabolism;

- kinetics;

- mechanism;

- dose-response and human exposure;

- placing emphasis on reliable in vivo results over in
vitro findings;

- acknowledging data limitations.

o Critically examine the suitability of applying the con-
cepts of benchmark dose, NOAELs, LOAELSs, and
uncertainty factors to genotoxicity data.

e Conduct a retrospective in-depth review of the avail-
able genotoxicity databases to better understand the
respective contribution of in vitro and in vivo assays
to the prediction of carcinogenic potential.

2.2. Break-out group #2: how to factor in a
quantitative consideration of the impact of
dose—response

2.2.1. Break-out group #2: background

The participants of this break-out group focused
on how to use knowledge of the in vive factors that
determine genotoxic responses (including exposure,
pharmacokinetics, metabolism, and mechanism) to inter-
pret responses in in vitro and in vivo laboratory genetic
toxicology tests, and to improve estimation of the risk
of genetic damage and/or adverse health outcomes in
humans. The discussion was focused on situations in
which decisions must be made in the absence of car-
cinogenicity data, such as (a) the stage of pharmaceutical
development at which in vitro and limited in vivo genetic
toxicology information, but no carcinogenicity data, are
available or (b) screening of industrial chemicals, and
included (c) the near future of cosmetic and health-care
product regulation in which decisions may need to be
made primarily on the basis of in vitro data or at most
with some limited in vivo data.

2.2.2. Break-out group #2: report

The general question addressed by this group was:
“What information on exposure and genotoxicity such as
potency, nature of genetic lesion, shape of dose—response
curve and mode of action is needed to define accept-
able exposure levels or levels of no concern for exposed

humans”. The specific questions addressed included:

e Is there a quantitative relationship between potency
in vitro and potency in vivo for induction of the
types of damage of interest (e.g., adducts, strand
breaks, nucleotide alterations, mutations, chromoso-
mal aberrations, etc.), for (1) agents that do not require
metabolic activation and (2) agents that do require
metabolic activation?

e Can a combination of in vitro potency data, with or
without in vivo potency data, and human exposure
data provide an index of risk that supports regulatory
decision-making in the absence of carcinogenicity
data?

e By using such an index, can a level of risk be defined
that is considered inconsequential or acceptable for a
given human exposure?

Additionally, the general default assumptions about
the shape of the dose—response curves for “genotoxic”
versus “non-genotoxic” agents were discussed, includ-
ing the assumptions that (1) agents that react with or
“directly” damage, DNA should be assumed to have
linear dose—response relationships as a conservative
default, whereas (2) DNA non-reactive agents, i.e., geno-
toxicants that act through a primary target or mechanism
other than direct reaction with DNA, are considered
likely to have non-linear dose—response relationships
with a definable “threshold” below which in vive risk
of damage can be considered negligible. In particular,
the extent of the scientific data available that supports
these presumptions was questioned. It was felt that some
generalizations can be made with regard to type of dam-
age, mechanism of action, and/or class of agents, but
that a more rigorous evaluation of the situations and
conditions involved was needed. For certain classes of
chemicals, such as specific DNA synthesis inhibitors
or agents that interact very specifically with known
non-DNA targets, it was agreed that a threshold below
which significant DNA damage would not occur could
be defined. Systematic approaches to evaluate available
data that supports improved categorization of chemi-
cal classes and supports appropriate assumptions about
expected dose-response relationships are recommended
(see below).

Some data were presented suggesting that there are
practical thresholds even for DNA-reactive genotoxic
agents [27.28] and showing also that agents considered
non-genotoxic, such as sucrose, can produce significant
effects even in vivo if sufficient exposure is achieved
[29]. The limited data presented suggests that a more
comprehensive survey and analysis of results in the liter-
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ature and those available from HESI member companies
is warranted in order to determine whether practical
thresholds can be defined for DNA-reactive genotoxic
agents. Based on this analysis, an informed decision can
be made as to whether it is necessary to move from
the current practice of decision-making on the basis
of qualitative or semi-quantitative characterization of
agents to a more quantitative assessment of genotoxic
risk under defined exposure conditions in vivo. As noted
above, the group felt that sufficient data were already
available to document that some classes of non-DNA
reactive genotoxicants, such as most aneugens (based on
known modes of action/dose—response data), agents that
cause nucleotide pool imbalance or glutathione deple-
tion, and DNA synthesis inhibitors, have a non-linear
dose-response curve and that safe thresholds or margins
of exposure can be defined for such agents. The group
recommended a systematic compilation and analysis of
data for both DNA reactive and non-reactive mutagens
that explores the dose-response and modes of action to
more thoroughly examine the default presumption of low
dose linearity. A logical mechanism for achieving this
would be via an expert committee charged with produc-
ing a “white paper” and subsequent journal publication.
It was noted that it would likely also be necessary to
build a consensus on acceptable methods for describing
the shape of the dose—response curve and for evaluating
the mode of action.

Considerable attention was placed on the question of
whether information on the extent of human exposure
(magnitude, duration, and route) can be used to define
levels of concern about genotoxic damage. The “level
of concern” and “threshold of toxicological concern”
concepts (LOC, TTC) used for assessing environmental
risks, direct and indirect food additives and pharmaceu-
tical impurities |2,30-33] were cited as examples of how
this is already being done in certain cases. The possibil-
ity of extending these concepts by combining human
exposure information with information about in vitro
dose—response relationships and/or in vivo animal geno-
toxicity information was discussed and it was concluded
that this could be a profitable area of focus within the
current HESI project.

The group recommended that in vivo potency infor-
mation (both genotoxicity and carcinogenicity informa-
tion), information about in vitro concentration—effect
relationships in relation to effects in in vive models,
and likely concentrations achieved in anticipated human
exposure situations should be evaluated as a basis for
future recommendations. It was recommended that this
analysis include a determination of whether available
information allows development of semi-quantitative

categories (bins) of concern (e.g., low, intermediate,
high) for some classes of chemicals based on:

e human exposure data;

e in vivo potency test data (e.g., tumor data, genetic
toxicity data);

e in vitro concentration far exceeding achievable in
vivo exposure (e.g., blood/tissue concentrations, DNA
adducts);

e mode of action and metabolism/pharmacokinetics.

It was suggested that a weight of evidence approach
that considers structural alerts, weaknesses and strengths
of each assay, and consistency and reproducibility of
the findings would be needed. Along with human
exposure information, the biological plausibility for
the response to occur in humans should be consid-
ered. Because positive findings in in vitro assays,
particularly in mammalian cell systems, can be prob-
lematic, correlative in vive data are preferred to
evaluate the potential for human risk. However, the
limitations of in vivo assays (e.g., ability to mea-
sure relevant events in potential target cell populations,
sensitivity of certain endpoints when exposure is short-
term, metabolic and pharmacokinetic differences among
species) need to be considered in developing an
appropriate weight of evidence approach. The above
recommendations for activities to be undertaken are
directed at providing evidence-based approaches to these
issues.

The group noted that any effort undertaken should be
coordinated with the existing effort of the International
Workshops on Genotoxicity Testing (IWGT) directed at
improved genetic toxicology testing strategies, and espe-
cially the IWGT working group on appropriate follow-up
testing when in vitro positive genotoxic responses occur
[18].

2.2.3. Break-out group #2: conclusions and
recommendations

Based on the discussions described above, break-out
group #2 proposed the following conclusions and rec-
ommendations:

e Although in vitro assays are useful, recent analyses
of expanded datasets have illustrated the limitations
of these tests. Improved approaches are needed that
allow the results of these in vitro assays to be better
used in assessing genotoxic hazard.

e Anevaluation of in vive and in vitro genetic toxicology
data including dose-response, by chemical class and
type of damage, is needed to determine the feasibil-



